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Thesis abstract 
Degraded land is a major issue globally and impacts human societies on every 
inhabited continent. To counter the negative effects of land degradation and return 
ecosystems to reference ecological states, active restoration is often required. 
However, many restoration efforts suffer from low success in the re-assembly of 
reference states.  As such, there is a need for improvements on current restoration 
practices. Ecological theory suggests that early plant colonisers could help later arrivals 
in re-assembly. This theory has the potential to inform restoration efforts.  
The major goal of my research is to build on current theoretical understanding of 
plant-plant interactions while at the same time improving restoration practice for 
banksia woodlands. My study system offers a great test of my ideas because it is highly 
biodiverse. A greater understanding of plant-plant interactions in space, and 
interactions between diverse functional groups, will inform the types of species to 
include in seed mixes and could potentially improve likelihoods of restoration success 
in other woody ecosystems around the world. 
Specifically, I used observational and manipulative experiments to test spatial 
arrangements of plant species and build on theories of plant-plant interactions in early 
and mid-successional stages of restoration. I tracked re-assembly of banksia woodland 
after sand mining on the Swan Coastal Plain. I utilized spatial point pattern analysis in 
two studies to analyse spatial associations of perennial plant species and infer 
interactions from spatial arrangement. Utilizing knowledge gained from the first two 
studies, I manipulated the spatial arrangement of seeds to test differences in seedling 
survival. Finally, I tested different densities of a fire-ephemeral species that could 
impact survival of seedlings in restoration. 
Results of my studies demonstrate that plant-plant interactions play a critical role in 
the survival of some species and spatial arrangement effects restoration outcomes. I 
found some species have a greater tendency to demonstrate positive interactions, but 
the strength of positive and negative interactions changes through time and by 
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species. Similarly, density dependent mortality was strong for some species but not 
others. The spatial arrangement of species was also important to seedling survival.  
Four of six species had greater survival in concentrated seeding-bare space 
configurations than completely random dispersed plantings, which are representative 
of current restoration practices.  
Few studies of positive plant-plant interactions exist for Australia and my studies 
demonstrate that both positive and negative interactions drive re-assembly patterns in 
restoration. A greater understanding of plant-plant interactions in space, and 
interactions between diverse functional groups, will inform the types of species to 
include in seed mixes and seeding spatial arrangements. Utilizing spatially-informed 
restoration practices could improve likelihoods of restoration success in other woody 
ecosystems around the world. 
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Chapter 1 
General Introduction 
 
1.1 Environmental restoration in the Anthropocene 
The last two hundred years, starting with the Industrial Revolution, is increasingly 
viewed as a new geological epoch resulting from anthropogenic environmental 
change, the Anthropocene (Zalasiewicz et al., 2008). This designation serves as a stark 
reminder of the existing cross-disciplinary scientific consensus that human activities 
have and continue to modify global geophysical processes and threaten the 
sustainability of global ecosystems (Perring et al., 2015). The key task of our time, for 
many ecosystems worldwide, is the maintenance of ecosystem structure and 
function with increases of the demands placed on them and an uncertain climatic 
future. Restoration and rehabilitation of ecosystems, where structure and function 
have been lost due to degradation, is critical, a paradigm that has generally been 
recognized worldwide. For example, the United Nations Convention to Combat 
Desertification (UNCCD) proposed an ambitious target at the Rio+20 summit of 
attaining a land degradation neutral world by 2030 (UNCCD, 2012). The Bonn 
Challenge was subsequently launched as an initiative to realize multiple international 
agreements (UNCCD Rio+20, CBD Aichi Target 15, UNFCCC REDD+goal) to restore 350 
million hectares of degraded land globally by 2030. On 1 March 2019 the UN General 
Assembly declared 2021–2030 the decade of ecosystem restoration. Attaining the 
ambitious goal of restoring the world’s degraded land will require extensive and 
coordinated efforts (Aronson & Alexander, 2013). Thus, large international interest lies 
in the development of cost-effective methods for ensuring ecosystem recovery from 
anthropogenic degradation (Aronson &Alexander 2013). However, to date, many 
restoration efforts have fallen short of reinstating desired structural and functional 
  
12 
 
targets (Cao et al., 2011; Hardegree, Jones, Roundy, Shaw, & Monaco, 2011; Valladares 
& Gianoli, 2007).  
Restoration and rehabilitation efforts around the world, henceforth referred to 
collectively as restoration, have historically relied on agricultural perspectives and 
practices that were developed in the early 1900s (Masarei, Guzzomi, Merritt, & 
Erickson, 2019; Svejcar, 2015). While some practices are likely to be transferrable, 
even necessary given the scale of restoration required, others are not. Since the 1980s, 
the young science of restoration ecology has largely been concerned with refining the 
practice to restore communities that resemble native communities in their complexity 
(Bradshaw and Chadwick 1980).  Agriculturally informed restoration efforts dominantly 
use either a haphazard (‘random’) or linear spatial format to planting seed and green 
stock (McCallum, Lowe, Breed, & Paton, 2018). However, few native plant 
communities naturally have linear spatial formations (e.g. banded vegetation; 
(Rietkerk et al., 2002), and spatially random formations are rare as all ecological 
processes have a spatial element. All plant communities develop as a result of 
vegetation pattern and ecological process links, wherein patterns may drive processes 
and processes may drive patterns over varying, overlaying and overlapping spatial and 
temporal scales (Connell & Slatyer, 1977; Miller, Perry, Enright, & Lamont, 2010). An 
ecological understanding of the spatial formation of vegetation and the processes that 
both affect and are affected by vegetation spatial structure may help us to both 
further ecological theory and improve applied practices of ecological restoration. The 
utilization of ecological theory to both set restoration targets and inform restoration 
practices demonstrates strong promises for improving current restoration efforts 
(Bradshaw, 1987; Wainwright et al., 2018). This thesis focuses on describing the plant 
interactions and ecological processes that occur during community assembly of a high 
biodiversity ecosystem. I use spatial analyses to gain perspective of processes that are 
difficult to measure. My research has the twin goals of testing current ecological 
theory and informing restoration practices for improved biodiversity outcomes. I 
introduce the key themes of my thesis below: community assembly, facilitation and 
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the role of early colonisers in a harsh abiotic environment, use of spatial patterns to 
infer process, restoration as a test bed for ecological theory and practical tools for 
restoration. 
1.2 Plant interactions in community assembly  
Primary succession is the reestablishment of ecosystems following a severe wild-type 
or anthropogenic disturbance, such as a volcanic disturbance or post-mine landscape, 
respectively (Walker & Del Moral, 2003). Secondary succession is the reestablishment 
of ecosystems following these types of disturbances also, but differs from primary 
succession in the availability of soil and a soil seed bank (Horn 1974). I use the term 
‘reassembly’ to differentiate succession after anthropogenic disturbance from 
community assembly after wild-type disturbance. Research demonstrates a positive 
role of early colonisers in successional landscapes wherein they stabilise soils and 
promote the establishment of later successional species (Bazzaz, 1968; Bazzaz & 
Bazzaz, 1996; Hanan, D’Antonio, Roberts, & Schimel, 2016; Walker, Velázquez, & 
Shiels, 2009). However, theories of plant community dynamics have largely been 
driven by individualistic perspectives, with plant-plant competition as opposed to 
facilitation being the primary focus (Callaway & Walker, 1997).  
Research on the role of positive plant-plant interactions on community structure and 
function has recently experienced a renaissance and the shifts between positive, 
negative and neutral interactions across biotic and abiotic gradients has become one 
of the dominant themes in plant ecology (Brooker et al., 2008). Our understanding of 
the interactions that drive community structure has developed through studies 
isolating specific mechanisms through tests of negative interactions (i.e., competition) 
(Callaway & Walker, 1997). Several of these studies inadvertently found a co-
occurrence of positive interactions (i.e., facilitation), which created an impetus to 
understand plant-plant interactions more holistically (Callaway & Walker, 1997). 
Specifically, over the last few decades an improved understanding of the mechanisms 
driving positive interactions has developed (Brooker et al., 2008) 
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Positive interactions are predicted to be important in a variety of contexts, though the 
role of ‘nurse plants’ to assist seedling establishment of nearby plants in drought 
conditions has received more attention than other mechanisms (Filazzola & Lortie, 
2014). In particular, facilitation is assumed to be important in Mediterranean-Climate 
Ecosystems (MCEs) where summer drought limits seedling establishment. 
Experimental data from MCEs in Spain support this assertion (Filazzola & Lortie, 2014; 
Fig. 1). Experimental data for other MCEs is lacking although spatially-explicit 
community data suggests the existence of complex interactions among plants in early 
successional kwongan communities (Miller et al., 2010; Perry, Enright, Miller, & 
Lamont, 2008; Perry, Miller, Lamont, & Enright, 2017).  
 
Fig. 1. Geographic location of 298 published plant-plant facilitation studies (Filazzola & 
Lortie, 2014). Figure from Filazzola & Lortie (2014). Plant facilitation research has yet to be 
conducted in Western Australia. 
Facilitation may occur as a result of either direct interactions, where one species 
affects another (nurse-target), indirect interactions, when an intermediary species, 
such as fungi, animals or parasitic plants is required for facilitation to occur (nurse-
intermediary-target), or both (Bruno, Stachowicz, & Bertness, 2003; Callaway, 2007). 
Direct and indirect facilitation can be challenging to separate during experimentation 
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(Callaway, 2007) and the mechanisms of both are often simultaneously evaluated, 
such as microclimatic amelioration and protection from herbivory by an unpalatable 
nurse plant (Castro, Zamora, Hódar, & Gómez, 2004; Cuevas, Silva, León-Lobos, & 
Ginocchio, 2013; Gómez-Aparicio, Zamora, Castro, & Hódar, 2008). Broadly speaking, 
facilitation is represented by seven mechanisms in nurse plant studies (Filazzola & 
Lortie, 2014; Fig. 2).  
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Fig. 2. The seven mechanisms of facilitation. Table adapted from Filazzola & Lortie (2014). 
In extreme environments, exposed soil surface areas are often hostile for seedling 
establishment and growth (Shreve, 1931), and though a neighbour plant may 
ameliorate these conditions, neighbours may have both positive and negative effects 
(Holmgren, Scheffer, & Huston, 1997), and the net effect may vary according to 
conditions. For example, nurse species may improve microhabitat conditions for 
target, or beneficiary species growth by moderating temperature fluctuations 
(Callaway et al., 2002; Shreve, 1931), increasing water availability through hydraulic lift 
(Dawson, 1993; Prieto, Armas, & Pugnaire, 2013; Prieto, Padilla, Armas, & Pugnaire, 
2011), reducing exposure to solar radiation through shading (Bader, van Geloof, & 
Rietkerk, 2007; Mancilla-Leytón, Leiva, & Martín Vicente, 2016), creating a block from 
extreme wind (Callaway et al., 2002), providing increased humidity (Armas & Pugnaire, 
2009), or adding nutrients through organic matter accumulation (Cuesta, Villar-
Salvador, Puértolas, Benayas, & Michalet, 2010; Cuevas et al., 2013). In contrast, a 
neighbour species may  limit target species’ growth through a reduction of light and 
soil water (Holmgren et al., 1997), and excessive accumulation of litter (Callaway & 
Walker, 1997). Some research suggests facilitation is more likely to occur in extreme 
environments, such as alpine or desert systems with high abiotic stress, than moderate 
conditions, such as boreal forests with lower abiotic stress (Bertness & Callaway, 1994; 
Brooker et al., 2008; Callaway, 2007). However other authors have pointed out that 
competitive and facilitative interactions are both likely to occur in extreme 
environments (Maestre, Valladares, & Reynolds, 2005), and facilitation may play a 
greater role in moderate systems than previously assumed (Holmgren & Scheffer, 
2010).  
The seven facilitation mechanisms (Fig. 2) may affect species at every life-history stage 
from increased seed dispersal to higher likelihood of survival (Filazzola & Lortie, 2014). 
The age and size of species may also play a significant role in whether nurse-target 
interactions are positive or negative (Callaway & Walker, 1997; Padilla & Pugnaire, 
2006; Pugnaire et al., 1996). For example, juvenile plants may benefit from the 
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modified conditions of a nurse plant without affecting conditions for the nurse, but as 
the juveniles develop, their relation with the nurse plant may become predominantly 
competitive (Sthultz, Gehring, & Whitham, 2007). As yet, few studies have monitored 
the interactions of nurse and target plants over long time scales (>5 years), such as 
following target plant growth from seedling to adult stages and the impact of that 
growth on the nurse plant (but see Metz & Tielbörger, 2016). For example, if an adult 
shrub facilitates a tree seedling, will the positive interaction become negative when 
the tree grows and becomes more competitive for resources? Understanding if and 
when these mechanisms act, and in what direction, may allow restoration managers to 
design applications that capitalise on positive and avoid negative interactions to 
improve overall rates and levels of success.  
1.3 Methodological approaches to addressing aims and a field-based 
approach  
Much of the literature I summarised in the previous section relied on manipulative and 
comparative field experiments where ecological processes are inferred from 
performance measures of the target plant species (Filazzola & Lortie, 2014; Gómez-
Aparicio, 2009). For example, increased growth of a target plant shaded by a nurse 
plant would indicate shading benefit (Hastwell & Facelli, 2003). Hydraulic lift is often 
inferred but difficult to measure (Muler, van Etten, Stock, Howard, & Froend, 2018). 
Indeed, some processes, such as plant-plant interactions, are logistically challenging to 
measure (Fig. 3). Additionally, many ecological processes change in intensity, duration 
and frequency making accurate quantification of their impacts at the appropriate 
spatial scale challenging. In such cases, correlative approaches, such as measuring 
above-ground locations and biomass of plants are used to quantify processes that are 
difficult or impossible to measure. These measurable features of a plant community 
(e.g. location and size of above ground plant material) can be assessed with statistical 
approaches, such as spatial point pattern analysis, to infer potential links between 
pattern and process. Spatial point pattern analyses are becoming more frequently 
utilized in ecological contexts to extract information from the location of organisms, 
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such as plants, on underlying processes (Velázquez, Martínez, Getzin, Moloney, & 
Wiegand, 2016; Wiegand et al., 2017). This method is sometimes referred to as the  
“space as a surrogate” approach (McIntire & Fajardo, 2009).  
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Fig. 3. Environmental processes, such as plant-plant interactions, change over varying spatial-temporal scales. For example, (a) soil hydrophobicity 
may drive patterns of seedling emergence in some post-disturbance environments, which may determine the likelihood of certain species or 
individuals interacting. Over time, (b) some species (nurse plants) may alter the microenvironmental conditions of the early successional landscape 
such that the growth and survival of other species (target plant) is promoted. After more time, (c) the target plant may out-compete its nurse plant 
and establish within the landscape to facilitate or compete with other species or individuals. 
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A particular use of spatial point pattern analysis that has become critically important to 
our understanding of a diverse array of processes is where the quantifiable aspects of 
an ecosystem are measured and unmeasurable processes are inferred (Law et al., 
2009; McIntire & Fajardo, 2009). The spatial arrangement of plants has been used to 
understand the trajectories of plant community composition, structure and function in 
high plant diversity systems (Miller et al., 2010; Raventós, Wiegand, & De Luis, 2010). 
For example, patterns of early successional plant assemblages may vary depending on 
the type and intensity of disturbance that occurred. Miller et al. (2010) found that bare 
ground gaps in sites restored following sand mining were greater in abundance for 
restored sites than intact reference communities, which is likely the result of altered 
climoedaphic processes. In post-fire succession, Raventos et al. (2010) found that 
seedling emergence patterns were clustered and that the types of species that 
emerged in those clusters was a major contributor to which seedlings established. 
Information of this nature may be used to inform restoration practices (Miller et al. 
2010). 
Here, I combined experimental and correlative approaches to gain insight on plant 
interactions and community assembly in banksia woodlands after sand mining. I used a 
field-based approach using both comparative and manipulative experimental designs 
throughout my thesis.  The first two chapters utilize spatial point pattern analysis to 
infer ecological processes driving community assembly and determine optimal 
distances between individuals and species. They use a priori knowledge of the study 
system and quantify measurable variables, locations of plants, to infer processes that 
are challenging to measure, such as the intensity of plant-plant interactions over time, 
that are likely driving seedling survival and establishment. The second two chapters 
experimentally test patterns of plant species and build on existing ecosystem 
knowledge, specifically testing theories of species coexistence and the role of an early 
coloniser on later successional species.  
1.4 Over-arching research aim 
Banksia woodlands are a dominant ecosystem in the Southwest Australian Floristic 
Region, one of the world’s MCE biodiversity hotspots (Myers, Mittermeier, 
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Mittermeier, da Fonseca, & Kent, 2000). Like ecological communities in other MCEs of 
the world, banksia woodlands are under threat from pressures posed by increasing 
human populations and associated intensification of land use (Cresswell & Murphy, 
2017; Hopper & Gioia, 2004). Mining is one such activity that presents a suite of 
challenges for restoring native vegetation after mining ceases; for example, post-mine 
sites commonly have altered soil profiles and microclimates (Fig. 4). Restoration efforts 
for banksia woodlands have been substantially improved in the past two decades with 
advances in breaking seed dormancy and topsoil transfer practices positively affecting 
soil characteristics and seedling recruitment (Benigno, Dixon, & Stevens, 2013; Rokich, 
2016; Rokich, Meney, Dixon, & Sivasithamparam, 2001; Stevens, Rokich, Newton, 
Barrett, & Dixon, 2016). However many seedlings die the first and second summers 
after emergence representing an important barrier to re-establishing biodiversity 
(Rokich, 2016). Unexplained soil compaction that occurs after two years is considered 
a driver of this mortality (Rokich et al., 2001) as it is believed to reduce the amount of 
available soil in which plant roots can grow and extract soil moisture and nutrients 
leading to increased competition between seedlings (Fig. 4). Hence it was a logical 
study system to test plant-plant interactions through both time and space.  
Banksia woodlands were recently nominated as a Threatened Ecological Community 
(DoE, 2016; EPBC Act s266B, 1999) as a result of continued and extensive degradation, 
such as urban development and mining (Turner et al., 2006). The clearing and 
degradation of banksia woodlands affects several endangered species, such as 
Carnaby’s black-cockatoos (Calyptorhynchus latirostris). The increasing pressures on 
intact woodlands and concomitant need for restoration create an impetus for deeper 
understanding of plant community dynamics. 
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Fig. 4. Banksia woodlands occur in a sandy dune system where mineral sands are mined for construction materials. Mineral sand mining results in a highly 
altered ecosystem with severe changes to soil structure, which is thought to affect species persistence as a result of changed biotic and abiotic processes.
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1.5 Thesis overview 
This thesis is comprised of four chapters of data that were collected in banksia 
woodland restored after sand mining by the Hanson Construction Materials. The 
mining lease is 30 km north of Perth, Western Australia. These chapters address a 
range of spatial and temporal scales, with a focus on the early stages of plant 
community development, which have been identified as critical bottlenecks in 
restoration (Benigno, 2012; Rokich, 1999; Stevens et al., 2016; Waryszak, 2017)(Fig. 5 
and Table 1). 
 
Fig. 5. The four data chapters in this thesis cover a range of spatial and temporal scales. 
 
The first data chapter, Chapter 2, was an observational study of the spatial 
arrangement of plants in post-mine restoration. I mapped perennial plants in a 
restoration chronosequence, which represents early to mid-successional stages of 
plant community development. The goal was to identify species that act strongly to 
either facilitate or compete with other species.  
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The second data chapter, Chapter 3, utilizes spatial point pattern analysis to infer 
optimal spatial arrangement of seeding efforts and to identify if, and at what scale and 
early life stage, spatial processes effect germination and establishment. In this 
experiment, I planted 640 seeds of two species common throughout banksia 
woodlands that are structurally similar: Acacia pulchella and Regelia inops. Seedling 
emergence and subsequent survival was monitored and assessed over a two-year 
period.   
Utilizing knowledge gained from Chapter 2 and 3, Chapter 4 tests different spatial 
arrangements of seeding efforts. I tested six species in this study that represent a 
range of structural and functional plant types. I planted seed in arrangements that 
were either aggregated in patches or dispersed following both natural seed dispersal 
patterns and current restoration efforts, respectively. Emergent seedlings were 
monitored for survival over a seven-month period.  
The first three data chapters analyse perennial species performance within varying 
spatial contexts. The fourth data chapter, Chapter 5, tests the impact of a native 
ephemeral grass species that could impact seedling survival in restoration but was not 
captured in the results of the first three chapters. The role of disturbance-driven 
ephemeral species in plant community development is not well understood and 
minimal research on their post-disturbance function exists. Thus, in Chapter 5, I test 
the role of a disturbance-driven ephemeral species that could act as a facilitator or 
competitor in young restoration plantings. Seedlings in this study were monitored for a 
two-year period. 
These data chapters address different theoretical concepts that all apply to the 
reassembly of banksia woodlands. Each chapter covers different aspects of breadth 
and depth of the study system (Table 1). Throughout this thesis, figures and tables in 
the appendices are labelled as “Fig. A” and “Table A” with two numbers, the first refers 
to the appendix number and the second refers to the figure number within the allotted 
appendix (e.g. Fig. A1.2 is in Appendix 1 and is the second figure in that appendix). The 
majority of data chapters in this thesis are targeted for publication in the Journal of 
Applied Ecology and follow the citation style of the journal (e.g. for papers with up to 
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five authors, all author names are listed in the first instance and then shortened to first 
author et al. in all subsequent citations). 
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Table 1. Data chapters and the technical aspect of each. 
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Thesis overview 
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Plant interactions during community re-assembly following 
restoration in a biodiversity hotspot 
 
2.1 Summary 
1. Identifying plant-plant interactions that assist community re-assembly can 
inform current and future restoration practices. In highly diverse 
Mediterranean Climate Ecosystems (MCEs), research has largely concentrated 
on plant facilitation, where results have informed restoration practice including 
use of nurse plants for seedling establishment. However, the identification of a 
nurse species can be challenging due to high diversity of plant species and plant 
species functional attributes within sites. As such, spatial analytical tools may 
provide an opportunity to identify nurse plant species that may be used to 
improve current restoration efforts. 
2. I tested for the presence of plant-plant interactions in a restoration 
chronosequence of early to mid-successional stages of plant community 
development (1, 2, 3, 7 and 11 years since time of restoration) in banksia 
woodlands which are part of the southwest Australian MCE. I mapped 
individual plants at each site and utilized spatial point pattern analyses to 
determine whether abundant species accumulated or repelled other plants, 
wherein an accumulation effect indicated either facilitative or mutualistic 
interactions and a repulsion effect indicated competitive interactions.   
3. My results indicate that species interactions were strongest in the youngest (1- 
to 2-year-old) and oldest (11-year-old) sites. Several shrub species including 
Astroloma xerophylum, Beaufortia elegans and Hibbertia subvaginata 
demonstrated both accumulation and repulsion effects both across and within 
restoration ages. In mid-successional stages of growth, mature Kunzea 
glabrescens, which are tall shrubs, demonstrated a positive accumulation effect 
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(P < 0.05) on A. xerophylum, B. elegans and juvenile K. glabrescens at distances 
between 3 cm and 15 cm (p < 0.05).  
4. Synthesis: The strength and direction of species interactions in banksia 
woodland restoration changed over time. Specifically, strong interactions at the 
youngest and oldest time periods likely reflect establishment and regenerative 
processes. Changes between species competitive and facilitative effects may 
depend on plant growth stage and/or environmental conditions. One species, 
K. glabrescens, demonstrated a consistent accumulation effect across 
restoration ages. Kunzea glabrescens often establish following disturbance and 
may play a critical role as a nurse plant in post-disturbance recovery of 
ecosystems.  
2.2 Introduction 
Spatially explicit quantification of community and ecosystem dynamics has become an 
increasingly important component of ecology (Velázquez et al., 2016; Wiegand et al., 
2017) especially in explaining patterns of high biodiversity systems (e.g. Chacón-Labella 
et al., 2017; Perry et al., 2017; Punchi-Manage et al., 2015; Wiegand et al., 2012). The 
spatial arrangement of plants is important for understanding the trajectories of plant 
community composition, structure and function, which may be used to inform 
restoration practices (Miller et al., 2010). For example, at fine scales (< 10 meters) the 
survival and growth of an individual may be dependent on the density and size of its 
neighbours (Hulvey et al., 2017; Novoplansky & Goldberg, 2001), while at coarser 
scales (10s-100s of meters) declines in plant patch-size distributions may lead to a net 
decrease in surface water retention due to reduced infiltration capacity, potentially 
driving a catastrophic transition affecting patterns of community development 
(HilleRisLambers, Rietkerk, van den Bosch, Prins, & de Kroon, 2001). The complex 
relationship between processes and spatial patterns in succession is a critical 
component of ecosystem restoration, yet remains poorly understood in many 
ecosystems (Méndez, García, Maestre, & Escudero, 2008).  
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Spatial patterns of pioneer plants that establish quickly in successional environments 
may alter conditions for the establishment of later successional species (Connell & 
Slatyer, 1977) creating a biotic filter (Temperton & Hobbs, 2004). The utilization of 
positive interactions, or plant-plant facilitation, between early and late successional 
species has been proposed as a useful tool for the restoration of high plant diversity 
Mediterranean Climate Ecosystems (MCEs) where nurse-assisted plantings may 
promote seedling establishment (Gómez-Aparicio, 2009; Rey, Siles, & Alcántara, 2009). 
The majority of research on plant facilitation in restoration efforts for MCEs has been 
concentrated in the Mediterranean Basin, specifically in Spain (Filazzola & Lortie, 2014; 
Gómez-Aparicio, 2009). Positive plant-plant interactions are known to occur in MCEs 
outside the Mediterranean Basin (Callaway, 1992; Cavieres & Peñaloza, 2012; Fuentes, 
Otaiza, Catalina Alliende, Hoffmann, & Poiani, 1984; Illian, Møller, & Waagepetersen, 
2009; Miller et al., 2010; Perry et al., 2017), though, our understanding of the role that 
plant facilitation plays in the restoration of these ecosystems is limited (but see Cuevas 
et al., 2013). Further research on successional changes in plant-plant interactions is 
needed to understand the role plant-plant facilitation could play in the restoration of 
global MCE plant communities. Given MCEs have a high diversity of coexisting species 
(Myers et al., 2000), one challenge is the identification of species that may act as nurse 
plants in the restoration context. Another challenge is identifying the growth stage and 
scale at which nurse plants may begin to facilitate other individuals. 
The complex shifts between and co-occurrence of facilitative and competitive 
interactions through time and space have received minimal attention (Lortie, 2017). 
Competitive interactions vary in intensity according to the size, condition and 
developmental stage of individuals (Ebenman & Persson, 2012; Yang & Rudolf, 2010). 
The same is likely true for facilitative interactions, though long-term data are lacking 
on the subject (Padilla & Pugnaire, 2006). Plant interactions may be more pronounced 
in certain stages of successional development than others. For example, early 
successional species in MCEs have been found to facilitate establishment of later 
successional species and promote the restoration of native plant communities in 
disturbed areas (Rey et al., 2009). Shrub species are the most common, while 
herbaceous species are the least common life form known to act as nurse plants 
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(Gómez-Aparicio, 2009). Specifically, mature shrubs are found to facilitate the growth 
of seedlings, saplings and annual plants (Castro, Zamora, & Hódar, 2006; Gómez-
Aparicio et al., 2008; Holmgren, Segura, & Fuentes, 2000; Liancourt & Tielbörger, 2011; 
Lloret, Peñuelas, & Estiarte, 2005), though few studies test plant-plant interactions 
from early (all individuals are seedlings) to later (seedlings and mature individuals 
coexist) successional stages (but see Raventós et al., 2010).   
Spatial patterns in late successional MCEs suggest that species are largely spatially 
independent at the landscape scale, though some species may act as accumulators, 
supporting survival of others (Chacón-Labella et al., 2017; Perry et al., 2017). Analyses 
of later successional stage plant communities are challenged with disentangling 
numerous interacting spatially and temporally varying processes that drive pattern 
formation (McIntire & Fajardo, 2009). Exploration of plant spatial patterns in 
restoration sites provides a unique opportunity to identify key ecological processes 
that drive successional trajectories (Miller et al., 2010). The change of patterns through 
time, from early to later successional stages, provides the opportunity of identifying 
processes that may change temporally, such as plant growth and hence altered 
competitive or facilitative conditions, which may set the stage for later pattern 
development.   
I utilize a space-for-time approach to explore differences in species composition and 
spatial patterns linked to plant-plant interactions along a gradient of early to mid-
successional plant communities in a banksia woodland restoration site in the 
Southwest Australian Floristic Region. Restoration efforts include topsoil transfer and 
seeding, both of which result in random seed dispersal. Two major bottlenecks to 
seedling establishment occur in the first and second summer drought periods in this 
system (Benigno, Dixon, & Stevens, 2014). Mortality in the first summer is assumed to 
be the result of plant fitness. However, mortality in the second summer is likely driven 
by competition for water resources that are limited as a result of subsurface soil 
hardening, which inhibits roots from reaching deep soil water sources (Benigno et al., 
2013), and can impact spatial patterns. I mapped plants in a post-mine restoration 
chronosequence and describe the plant compositional characteristics of each 
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restoration age. I ask the general question, are species interactions identifiable in early 
and mid-successional stages of community development? Specifically, I ask: 
1. Are abundant species spatially correlated with other abundant species? 
2. Are abundant species spatially correlated with all individuals regardless of 
species (i.e. effect on community)? 
I hypothesize that 1) no plant-plant interactions will be apparent following the first 
bottleneck (e.g. seedlings may die due to abiotic stress, but not competition), 2) 
competitive plant-plant interactions will be dominant following the second bottleneck 
(early successional stage when seedling roots are more spatially extensive) and 
competition will be strongest between the most abundant species, and 3) facilitative 
interactions will be evident in mid successional stages when there is a mix of plant 
sizes and mature plants could act as nurse plants for seedlings of any species. I 
consider the implications of my results for restoration practice. 
2.3 Methods 
Site Description 
This study was conducted at a sand mine (Hanson Construction Materials) 30 km north 
of Perth in south-western Australia (31.77° S, 115.86° E). The site is located in the 
Bassendean dune complex, which is a highly weathered landscape with nutrient poor 
soils (Hopper, Harvey, Chappill, Main, & Main, 1996) and is characterized by coarse to 
medium grain siliceous sands with low water retention (Salama, Silberstein, & Pollock, 
2005). The area has a characteristic Mediterranean climate with hot dry summers and 
cool wet winters (Peel, Finlayson, & Mcmahon, 2007). The mine site is surrounded by 
intact banksia woodland. 
Banksia woodlands have over 600 documented plant species (Stevens et al., 2016) and 
are part of the Southwestern Australian Floristic Region (SWAFR), a recognised global 
biodiversity hotspot (Mittermeier, Turner, Larsen, Brooks, & Gascon, 2011; Myers et 
al., 2000). The woodlands have two dominant tree species, Banksia attenuata and 
Banksia menziesii, and two sub-dominant trees, Eucalyptus todtiana and Nuytsia 
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floribunda (Dodd & Griffin, 1989). The majority of plant diversity lies in the understory 
and at the sand mine where studies were conducted there are over 150 reported 
understory species (Stevens et al., 2016). Common families for woody understory 
species are Proteaceae, Fabaceae, Myrtaceae and Ericaceae families and non-woody 
understory species are Cyperaceae, Haemodoraceae, Anthericaceae and Asteraceae 
(Dodd & Griffin, 1989).   
Previous research has demonstrated that first and second summer drought periods are 
major bottlenecks to seedling persistence in restoration, with mortality being greatest 
following the second summer (Benigno et al., 2013). Soil physical changes, specifically 
soil hardening to within 30 cm of the soil surface two years following restoration 
practices, is likely a key driver of mortality due to reduced space for root growth (e.g. 
higher density of roots in the upper soil horizons) and limited soil moisture (Benigno et 
al., 2013; Rokich et al., 2001). These dynamics were used to define early successional 
stages for my study system, these being 1, 2 and 3 years after restoration, with mid 
successional stages being 7 and 11 years after restoration (Table 1). Evaluation of a 
post-mine restoration chronosequence demonstrates that even after 20 years 
restoration sites do not meet reference target conditions of plant species composition 
and structure (Mounsey, 2014), thus late successional development is assumed to 
occur at time scales beyond 20 years. 
Materials and methods 
A restoration chronosequence was surveyed to determine spatial relationships of plant 
species.  Sites were 1, 2, 3, 7, and 11 (A1, A2, A3, A7 and A11) years since topsoil 
transfer (i.e. return to site) and had similar restoration methodologies: topsoil (10 cm) 
from a donor site was applied over the ripped white sand mine floor. In sites A1, A3, 
A7 and A11, the mine floor was ripped in rows creating a linear furrow pattern (Fig. 
A1.1). Site A2 differed in that rips were made in a cross-hatched pattern as opposed to 
rows, which resulted in non-furrowed topsoil. Furrows are thought to impact seedling 
emergence because soils in the area are water repellent (Rye & Smettem, 2018) and 
water likely flows to the troughs. This may result in earlier breaking of hydrophobicity 
and higher soil moisture content in the troughs leading to higher densities of emergent 
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seedlings in the troughs than the crests. Plants were mapped in winter and spring 2018 
after species with known summer dormancy had recovered from the summer drought 
(Groom & Lamont, 2015), and could be positively determined as alive or dead (i.e. 
plants visually appeared to be alive with green growth). More than 1,000 individuals 
were mapped for each restoration age to capture more than 50 individuals of the top 
five-six most abundant species (Table 1). These five-six abundant species were 
designated ‘target’ species and their effect on other plants was assessed in subsequent 
analyses. A focus on abundant species ensured sufficient power in spatial analyses 
(Getzin, Wiegand, & Hubbell, 2014). I mapped all individuals of perennial species and 
recorded the x-y coordinate, height and crown size of each (Table S1.1 plant metrics).    
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Table 1. List of the most abundant species at all sites, their family, life form and abundance. 
Site labels indicate time (in years) since initiation of restoration and successional stage. Plot 
size is in parentheses under the site label. 
Site Species Family Life form 
% of total  
individuals 
A1-Early Beaufortia elegans Myrtaceae shrub 31.5 
(4 × 5 m) Gompholobium tomentosum Fabaceae shrub 10.7 
 Hibbertia subvaginata Dilleniaceae sub-shrub 17.5 
 Kunzea glabrescens Myrtaceae shrub 5.4 
 Stylidium spp Asterales herbaceous 4.6 
A2-Early Astroloma xerophyllum Ericaceae shrub 25.4 
(8 × 9 m) Beaufortia elegans Myrtaceae shrub 12.1 
 Croninia kingiana Ericaceae sub-shrub 8.8 
 Gompholobium tomentosum Fabaceae shrub 10.5 
 Kunzea glabrescens Myrtaceae shrub 10.1 
 Leucopogon conostephiodes Ericaceae shrub 8.5 
A3-Early Gompholobium tomentosum Fabaceae shrub 20.4 
(8 × 9 m) Hibbertia huegelii Dilleniaceae sub-shrub 3.8 
 Leucopogon conostephiodes Ericaceae shrub 42.5 
 Scholtzia involucrata Myrtaceae shrub 3.7 
 Stylidium spp Asterales herbaceous 6.2 
A7-Mid Astroloma xerophyllum Ericaceae shrub 5.1 
(10 × 12 m) Beaufortia elegans Myrtaceae shrub 9.8 
 Hibbertia subvaginata Dilleniaceae sub-shrub 5.6 
 Laxmannia squarrosa Asparagaceae herbaceous 8.7 
 Leucopogon conostephiodes Ericaceae shrub 10.5 
 Scholtzia involucrata Myrtaceae shrub 21.0 
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A11-Mid Astroloma xerophyllum Ericaceae shrub 8.1 
(8 × 12 m) Beaufortia elegans Myrtaceae shrub 11.5 
 Kunzea glabrescens Myrtaceae shrub 5.2 
 Leucopogon conostephiodes Ericaceae shrub 6.8 
 Scholtzia involucrata Myrtaceae shrub 23.9 
 
Plot sizes were determined by size of a squared area with at least five species with 
over 50 individuals. Plot sizes ranged from 20 m2 to 120 m2 with one plot per age. All 
sites had at least five abundant species; A2 and A7 had six abundant species (Table 1). 
Beaufortia elegans and Leucopogon conostephioides were abundant in four sites, and 
Kunzea glabrescens and Gompholobium tomentosum were abundant in three sites. 
The abundant species were largely from two families, Myrtaceae and Ericaceae, and 
were predominantly shrubs. The A3 site was most strongly dominated by few species, 
with L. conostephioides and G. tomentosum making up 43% and 20% of all individuals, 
respectively. Other sites had a more even distribution of abundant species (Table 1). 
Spatial pattern analysis 
To provide a general context for each site pattern, the base univariate pattern (all 
individuals regardless of species identification) of each plot was analysed using the pair 
correlation function (g(r), Illian et al., 2008) and Besag’s transformation (L(r), Besag, 
1977). Then a series of tests were used to distinguish plant-plant interactions (Fig. 1). 
Specifically, I sought to quantify whether abundant species attracted or repelled other 
species. Facilitative or mutualistic interactions are inferred when spatial analyses 
demonstrate a clustering effect around a target species (e.g. are there more 
individuals of species j around individuals of species i than would be expected if the 
pattern were completely random). Competitive interactions are inferred when spatial 
analyses indicate a repulsion effect where plants are largely farther away than 
expected from a target species (e.g. are there fewer individuals of species j around 
individuals of species i than would be expected if the pattern were completely 
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random). Neutral or weak interactions are inferred when patterns of and around 
target species are not different from random. 
 
Fig. 1. List of tests used to evaluate my two research questions at the five sites.  Analyses 
were made for all individuals of a selected species (i.e. one of my target species) and 
conducted over a distance range of 0 to r centimetres (i.e. evaluations made at every 1 cm 
interval from 0 to r). An example of what a mapped site looks like (a) with x/y-coordinates 
and species identification plotted. The species-species bivariate models (b and c) only 
analyse individuals of two selected target species and all other mapped individuals are 
disregarded. The species-community bivariate models (d and e) analyse one selected target 
species relative to all other individuals (the species mark is not considered for “all other 
individuals”). Target species are the top 5-6 most abundant species in each site (species with 
over 50 individuals). 
Q1. Spatial correlation between target species  
I explored whether specific species interactions occurred using an array of bivariate 
analyses. Each analysis uses a different approach and set of metrics, and together they 
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offer a comprehensive exploration of spatial patterns (Figure 1). Interactions between 
each pairwise combination of the most abundant species were tested for each 
restoration age (i.e., 20 pair combinations for A1, A3 and A11 and 30 pair combinations 
for A2 and A7). The univariate pair correlation function, g(r) (Illian et al., 2008), looks 
for patterns within concentric rings r distance from a target individual, and the Besag’s 
transformation, L(r) (Besag, 1977; Illian et al., 2008), conducts analyses at all distances 
up to r from a target individual (Fig. 1b and c). The gij(r) and Lij(r) functions had a 
Poisson (Complete Spatial Randomness: CSR) null model and were compared against 
the base CSR null model functions L(r) and g(r) (Baddeley et al., 2015). Comparing gij(r) 
and Lij(r) to L(r) and g(r) helps us determine whether departures of observed gij(r) and 
Lij(r) values from the null model are the result of a general site pattern (e.g. if plants 
are generally clustered in the site due to soil conditions) or an interaction between i 
and j (e.g. if species j is clustered around species i due to facilitation). Relations 
between species (i.e. i to j and j to i) are not necessarily symmetric. For example, 
species i could demonstrate attraction of species j (e.g. facilitation of j by i) without 
species j demonstrating attraction of species i (e.g. no facilitation of i by j). 
Q2. Spatial correlation between target and all other individuals 
I then tested whether target species influenced the presence of all other species 
combined (e.g. the net effect of species i on the community). I used g i•(r) and Li•(r) 
functions (Fig. 1d and e) with a Poisson (Complete Spatial Randomness: CSR) null 
model to measure the occurrence of target species i in relation to the occurrence of all 
individuals of all other species combined in radii of r distance. The g i•(r) and Li•(r) 
functions were compared against the base model functions g(r) and L(r), similar to the 
species-species analyses. 
I ran all analyses over distance ranges of 0 cm to 100 cm for A1 and 0 cm to 200 cm for 
all other ages as these are the distance ranges I assume individual plants may impact 
others both above and belowground, and used Ripley’s isotropic edge correction 
(Ripley, 1977, 1988). Pointwise envelopes to determine significant departures from the 
null model were conducted using 199 simulations (0.01 significance level) with random 
toroidal shifts. Random toroidal shifts are when points are subjected to simultaneous, 
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parallel displacement by a displacement vector (e.g. a pattern is shifted; Baddeley & 
Turner, 2005). This type of analysis tests independence between species (Goreaud & 
Pélissier, 2003) and minimize issues with inhomogeneity of point distributions (Kenkel, 
1988; Wiegand & Moloney, 2013). The simulated pointwise envelopes were derived 
from Monte Carlo tests, a formal hypothesis test, and were not bootstrapped (i.e., 
they are not confidence bands or intervals). Analyses were run with R ver. 3.5.3 
(https://www.r-project.org/) using the spatstats library (Baddeley & Turner, 2005).  
Separating juvenile and mature individuals 
I tested for associations between mature and juvenile K. glabrescens individuals in the 
oldest site (A11) as this species demonstrated strong accumulation effects in all the 
above analyses. I relabelled K. glabrescens individuals as either mature or juvenile 
(there were more than 50 individuals for both mature and juvenile K. glabrescens) and 
I re-ran all the above analyses for A11. The tallest heights from the A2 site were used 
to distinguish juvenile from mature heights (50 cm tall). The A2 site was used to make 
the distinction because all of the abundant species in my sites are largely capable of 
reproduction by two years of age (personal observation) and plants are considered 
established if they survive beyond the second summer drought, which is the largest 
bottleneck to seedling establishment (Benigno et al., 2013; Rokich, 1999). 
2.4 Results 
Site pattern 
In general, the base pattern of each plot (the pattern of all individuals irrespective of 
species) followed a clustered distribution at short scales (below 50 cm, Fig. 2). Site-
specific clustering was observed with clustering either occurring: at all distances (A7 
and A11, Fig. 2d and e); in half of the distance ranges (A1, Fig. 2a); or was not frequent 
across the distance ranges analysed (A2 and A3, Fig. 2b and c). Overdispersion was 
found between 62–64 cm in site A1, but deviations below confidence envelopes were 
not large and did not occur at any other distance nor in any other site.  
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Fig. 2. Each plot of mapped plants (left) and their associated pair correlation function, g(r), 
model output (right) for the a) A1, b) A2, c) A3, d) A7 and e) A11 sites. Plot maps (left) are 4 × 
5 m, 8 × 9 m, 8 × 9 m, 10 × 12 m and 8 × 12 m for sites A1, A2, A3, A7 and A11 respectively.  
Plot maps are not to scale. In the g(r) function model outputs, deviations of observed 
patterns (solid black line) above and below grey simulation envelopes indicate clustering and 
repulsion, respectively (significance level 0.01). The red dashed line in model outputs is the 
theoretical g(r) function (null hypothesis, complete spatial randomness). 
Q1. Spatial correlation between target species  
Analysis of target species to target species combinations, hereafter referred to as 
species-species associations, using the bivariate functions gij(r) and Lij(r) found 
significant departures from CSR null model simulation envelopes across all ages (Fig. 3, 
Fig. A1.4). All comparisons at the species level demonstrated either strong 
accumulator (deviation above simulation envelopes) or random (no deviation) effects 
(Fig. 3). Only a few species in site A2 indicated a repulsion effect (deviation below 
simulation envelopes, Fig. 3) though the magnitude of these deviations was small (Fig. 
A1.4). In site A1, B. elegans, K. glabrescens and G. tomentosum had accumulator 
effects at distances < 26 cm (Fig. 3a) and accumulator effects were maintained 
between K. glabrescens and B. elegans in site A2 predominantly at distances < 82 cm 
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(Fig. 3b). Leucopogon conostephiodes and B. elegans also demonstrated accumulator 
effects in site A2 at distances < 10 cm (Fig. 3b). Site A3 had deviations above simulation 
envelopes (Fig. 3c); however, these occurred at short distance intervals (longest 
interval was G. tomentosum to H. huegelii: 12–23 cm = 11 cm over which accumulator 
effects were observed), the magnitude of deviation was low (Fig. A1.4), and species-
species associations were predominantly neutral (in 11 of 20 instances no association 
was found). Similarly, most species-species associations in site A7 were neutral (17 of 
30 instances where no association was found). However, the positive associations that 
were found in site A7 were over greater distances than site A3 (e.g. L. conostephiodes 
to A. xerophyllum accumulator effects were at distances between 69–132 cm = 63 cm; 
Fig. 3d). In A11, mature K. glabrescens demonstrated strong accumulator effects on A. 
xerophyllum, B. elegans, L. conostephiodes and juvenile K. glabrescens at both short 
(0–23 cm) and long (79–199 cm) distances (Fig. 3e and Fig. A1.4).  
The only site with species that exhibited repulsion between species was site A2. 
Astroloma xerophyllum, K. glabrescens, G. tomentosum, C. kingiana, B. elegans and L. 
conostephiodes all had species-species pairs that deviated below simulation envelopes 
(Fig. 3b: A. xerophyllum to K. glabrescens, K. glabrescens to A. xerophyllum, A. 
xerophyllum to G. tomentosum, C. kingiana to B. elegans, G. tomentosum to L. 
conostephiodes, and L. conostephiodes to G. tomentosum). These deviations occurred 
at short distance intervals (L. conostephiodes to G. tomentosum: 160–170 cm = 10 cm 
and the magnitude of deviation from the simulation envelopes was low (Fig. A1.5).   
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Fig. 3. The gij(r) test results of associations between two species. I tested 20 (a and c; sites A1 
and A3) or 30 (b, d, e; sites A2, A7, A11) pairwise combinations of the most abundant species 
in each restoration age. The x-axis species acronym represents i and the y-axis species 
acronym represents j in gij(r) models (association of j relative to i). For example, in (a) Beau 
had an accumulative effect on Styl at distances of 18-19 cm. Tables represent statistically 
significant deviations of observed patterns from pointwise simulation envelopes 
(significance level 0.01). Numbers indicate the distance range at which deviations occurred 
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with bolded numbers in white cells being deviations above envelopes (accumulator effect) 
and italicized numbers in orange cells being deviations below (repulsion effect) envelopes. 
Grey areas represent no deviation from simulation envelopes. Dashed lines are 
combinations that are not applicable to the i to j model (i.e. Scho to Scho). In e), “Kunz juv” is 
juvenile Kunzea glabrescens and “Kunz mat” is mature K. glabrescens (see Table 1 for 
complete species list). 
 
Q2. Spatial correlation between target and all other individuals 
Deviations from pointwise null model envelopes of g i•(r) and L i•(r) models were most 
pronounced in sites A1, A2 and A11. Deviation above envelopes indicates that 
individuals of target species have accumulated more individuals of all other species 
than would be expected under CSR at distances up to (L i•(r)  model), or at (g i•(r)  
model) the specific distances at which observed models deviate from envelopes. 
Deviations below envelopes indicate repulsion (i.e., fewer individuals than expected 
around target species).  
In site A1, Hibbertia subvaginata, B. elegans and Stylidium spp all demonstrated a 
repulsion effect at distances < 20 cm, from 11 to 15 cm, and < 4 cm respectively (Fig. 
4a). Kunzea glabrescens exhibited an accumulation effect at multiple points though the 
major deviation was between 11 and 17 cm (Fig. 4a). Gompholobium tomentosum 
demonstrated an accumulation effect at distances < 12 cm (Fig. 4a).  
In the A2 site, C. kingiana and A. xerophylum both exhibited a repulsion effect (< 5 cm 
and < 7 cm respectively) while K. glabrescens and B. elegans had accumulation effects 
(< 7 cm and < 8 cm, respectively) (Fig. 4b). Stylidium spp. demonstrated an 
accumulation effect from 35-37 cm in the A3 site. In site A7, S. involucrata deviated 
below simulation envelopes, indicating a repulsion effect, from 2 to 23 cm, and H. 
subvaginata and L. conostephiodes deviated above simulation envelopes, indicating an 
accumulation effect, from 26-31 cm and 4-11 cm respectively, but the magnitude of 
deviations found were small and overall minimal for both A3 and A7 (Fig. 4c and d, 
respectively).   
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In site A11, S. involucrata and B. elegans had repulsion effects at distances < 17 cm and 
between 9 and 13 cm, respectively (Fig. 4e). Deviations above simulation envelopes, 
accumulation effect, at distances < 4 cm were apparent for A. xerophyllum and for 
both mature and juvenile K. glabrescens at distances between 2 to 20 cm and 23 to 26 
cm, respectively (Fig. 4e). Accumulation effects beyond 100 cm were found for both 
mature and juvenile K. glabrescens in site A11 (Fig. 4e).
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Fig. 4. Model outputs for gi•(r) functions were extracted and deviations of target species values above and below simulation envelopes were 
plotted for all restoration ages. The gi•(r) function tests the spatial association of a target species to all other species irrespective of species (target 
to all). Deviations from 0 in the graphs indicate statistically significant deviations of observed patterns from pointwise simulation envelopes 
(significance level 0.01). In e), “Kunz juv” is juvenile Kunzea glabrescens and “Kunz mat” is mature K. glabrescens (see Table 1 for complete species 
list). Deviations above envelopes indicate an accumulation effect, and deviations below envelopes indicate a repulsion effect.
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2.5 Discussion 
I found mixed evidence for species interactions structuring reassembly, and some 
evidence for a change in the role of target species through time. My hypothesis that 
there would be no discernible interactions in the one-year old site (A1; following first 
bottleneck) and predominantly negative interactions in the two and three-year-old 
sites (A2 and A3; following second bottleneck) was not supported by the data. Instead, 
I found evidence for equal levels of competition and facilitation (or mutualism) in one 
and two-year-old sites, and minimal interactions (positive or negative) in the three-
year-old site. However, there was some support for my third hypothesis that 
facilitative interactions would be evident in mid successional stages where a mix of 
plant sizes and ages existed (A7 and A11). Positive plant-plant interactions were 
detected at 11 years, the oldest site (A11), specifically facilitation of other species by 
mature individuals of the shrub K. glabrescens. Shrubs are the most common life form 
to act as nurse plants and facilitate the growth and survival of other species (Gómez-
Aparicio, 2009; Lortie, Filazzola, Welham, & Turkington, 2016), but I found the intensity 
and direction (positive or negative) of interactions may be variable throughout time. I 
draw my conclusions from two sets of analyses that explore different types of plant-
plant interactions: target to target and target to all other individuals. 
The ‘target to target’ models largely demonstrated random (neutral) or positive 
associations between individuals of the target species. Negative associations occurred 
in the two-year-old site , but the fine scale of negative associations likely indicates that 
negative interactions occur over short distance ranges, which could be the result of 
root growth patterns that I was unable to map. Plant-plant interactions are strongest 
at fine scales (Law et al., 2009; Murrell, Purves, & Law, 2001) where roots are 
concentrated, so I may assume the negative associations between target species is 
unlikely to indicate that target species are strong drivers of mortality for other target 
species in general, but compete for resources at small scales. The negative associations 
in the two-year-old site were also found at the furthest distances analysed: 
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interactions were dominantly beyond 150 cm in the 0–200 cm range. There is no clear 
ecological rationale for this finding as seedling roots are not expected to be abundant 
at or beyond 150 cm (Rokich et al., 2001) and could be a result of the base univariate 
model having a clustered distribution. The general lack of negative interactions is 
consistent with spatial tests of other fire prone MCEs that analysed spatial associations 
of the most abundant species present (Chacón-Labella et al., 2017; Perry et al., 2017).   
In contrast to the ‘target to target’ models, the ‘target to all other individuals’ models 
did not exhibit the same dominance of positive (accumulation) and random spatial 
associations. Equal proportions of repulsion and accumulation effects were found in 
both early and mid-successional stages of development with only one site that 
demonstrated virtually no associations (three-year-old site). These results run counter 
to my predictions of minimal associations in the one-year-old site, negative 
associations in the two and three-year-old sites, and positive associations in the seven 
and eleven-year-old sites.   
In the one-year old site both positive and negative associations were apparent for 
‘target to all other individuals’ models, though more species demonstrated repulsion 
effects (possible competition) than accumulation effects (facilitation or mutualism). 
Beaufortia elegans, H. subvaginata and Stylidium spp. all demonstrated a general 
repelling effect, while K. glabrescens and G. tomentosum demonstrated an 
accumulation effect. The repulsion effect by B. elegans, H. subvaginata and Stylidium 
spp. is indicative of either local competition or low threshold for emergence (i.e. 
seedlings are able to emerge in areas other seedlings are not, which could be the 
result of wider germination envelopes). I have no a priori hypothesis on mechanisms 
that would lead to K. glabrescens and G. tomentosum facilitating other species at the 
one-year-old seedling stage. Some species have known mycorrhizal associations as 
adults (Pate & Bell, 1999), which could provide improved conditions for other species, 
but the strength of these associations at the seedling stage are unknown. 
Similar to the one-year-old site, the two-year-old site had both positive (K. glabrescens 
and B. elegans) and negative (C. kingiana and A. xerophylum) associations of target 
species to all other individuals. Mid-successional sites (seven and eleven years old) also 
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demonstrated both accumulation and repulsion trends. Beaufortia elegans and S. 
involucrata demonstrated repulsion effects for both the seven- and eleven-year-old 
sites at short distances (< 25 cm), which may be reflective of the dense canopies these 
species form (canopies ~30-50 cm radius) while, H. subvaginata demonstrated 
accumulation effects in the seven-year-old site. All three species changed the direction 
of their interaction (positive vs negative) from early successional stages to later 
successional stages, which provides further evidence for plant age being a key 
determinant of the direction and strength of plant-plant interactions (Torres & 
Renison, 2016).   
My hypotheses were focused on overall plant interactions within restoration ages, but 
important trends of species between restoration ages were also found. Three species, 
A. xerophylum, B. elegans, and H. subvaginata switched between positive and negative 
associations amongst the different restoration ages, which could indicate that their 
stage of growth (Michalet & Pugnaire, 2016) and/or the environmental conditions in 
which they were growing (García-Cervigón, Gazol, Sanz, Camarero, & Olano, 2013; 
Metz & Tielbörger, 2016) determined the direction and strength of their interactions. 
Soil microbial communities may also contribute to the types of interactions observed 
in my study. The majority of vascular plants in the world have mycorrhizal associations 
of some form, though many species in Western Australia are non-mycorrhizal 
(Brundrett & Tedersoo, 2018), which likely means there is a large mix of both 
mycorrhizal and non-mycorrhizal species at my sites. In particular, Astroloma 
xerophylum, C. kingiana and L. conostephiodes are all members of the Ericaceae family 
and known to have roots that harbor ericoid-type mycorrhizas (Bell & Pate, 1996), 
which could impact the intensity and direction of these species’ interactions with other 
plants. Very little is known about the seasonal changes of soil microbes in general for 
this ecosystem, but the presence and abundance of soil microbial communities is 
known to change over time in topsoil transfer sites (Birnbaum, Bradshaw, Ruthrof, & 
Fontaine, 2017). 
Kunzea glabrescens was the only target species for which there were patterns that 
suggested a consistent and strong positive effect on other individuals through 
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reassembly. Positive associations were found in all analyses and over all restoration 
ages. In particular, the positive impacts of K. glabrescens were most apparent in my 
eleven-year-old site for mature individuals (e.g. more than two-years-old). K. 
glabrescens is a shrub species in the Myrtaceae family that grows around 1.5 m to 4 m 
tall (Florabase, 2019) and has low density foliage which creates moderate levels of 
shade. This moderate shading effect may provide reduced ambient temperatures and 
light exposure for other species while still providing sufficient plant available light as 
exhibited by mature Myrtaceae species with demonstrable nurse plant effects in other 
ecosystems (Yang, Ren, Liu, & Wang, 2010). However, experimental testing of K. 
glabrescens sub-canopy conditions and mechanistic studies are necessary to 
conclusively demonstrate facilitation (Walker, Wardle, Bardgett, & Clarkson, 2010).   
2.6 Conclusions 
Research on inferred plant interactions through spatial patterns has largely focused on 
late successional (Chacón-Labella et al., 2017; Getzin et al., 2014; Perry et al., 2017) as 
opposed to early successional stage plant communities (but see Miller et al., 2010; 
Raventós et al., 2010). Raventos et al. (2010) found the spatial interactions of seedlings 
changes in direction and intensity over time and local neighbourhood composition of 
seedlings has a major impact on patterns of mortality in post-fire environments. I 
found evidence for facilitative, mutualistic and competitive interactions contributing to 
species patterns in post-mine restoration sites, with the direction and intensity of 
interactions changing among species and years. I also identified a possible nurse plant 
role for K. glabrescens. Future testing is needed to understand the mechanisms driving 
changing interactions through time.   
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Inferring plant interactions from fine scale patterns of seedling 
emergence and survival in post-mine restoration 
 
3.1 Summary 
Seed germination and seedling emergence spatial patterns drive plant community 
development by setting the context for plant-plant interactions and species 
coexistence. The well-documented influence of spatial pattern on plant community 
development suggests an opportunity for improved outcomes in restoration. The 
manipulation of initial conditions for seeding in restoration, which has historically 
followed an agricultural model of regular or random spacing may provide this pathway. 
However, poor understanding of the relative importance and scale of mechanisms 
means that this opportunity is universally neglected. Here, I tested the role of spatial 
pattern of conspecifics on seedling establishment and survival of two native plant 
species in woodland restoration following sand mining in southwestern Australia. I 
tested two species commonly sown for restoration of this diverse community. I sowed 
seed in pre-determined random designs and tracked seedling emergence and survival 
over two years to infer biotic and abiotic processes contributing to persistence. 
Emergence in both species was clustered at distances of 12 cm to 18 cm suggesting 
that soil heterogeneity at centimetre scale, overlying initial seed distribution, drives 
emergence patterns. While seedlings of one species maintained this clustered 
patterning (< 20 cm) over the study period, with spatially independent mortality, 
seedlings of the other species reverted to a non-clustered pattern as density-
dependent mortality occurred. Testing pattern-process links through spatial point 
pattern analysis provides a novel approach for testing ecological theories in a 
restoration context and may help to inform restoration practice via novel seeding 
technologies and precision spatial planting. 
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3.2 Introduction 
Spatial patterns within plant communities arise as a result of abiotic processes and 
biotic interactions (Goreaud & Pélissier, 2003; Ludwig, Wilcox, Breshears, Tongway, & 
Imeson, 2005). In ecosystems with high plant diversity, the coexistence of many 
species is attributed in part to the spatial aggregation of conspecifics and segregation 
of heterospecifics (Chesson, 2000; McGill, 2010; Pacala & Levin, 1997). These 
conditions may result from habitat heterogeneity and low seed dispersal (Lara-
Romero, de la Cruz, Escribano-Ávila, García-Fernández, & Iriondo, 2016; Stoll & Prati, 
2001). Spatial point pattern analysis of seedling emergence in high diversity systems 
demonstrate clear patterns of conspecific aggregation and heterospecific segregation 
following natural disturbance events (De Luis, Raventós, Wiegand, & González-Hidalgo, 
2008; Lamont, Witkowski, & Enright, 1993; Raventós et al., 2010). However, as the 
location of seed in these studies is unknown, the identification of the processes leading 
to emergence patterns has not been explored (De Luis et al., 2008). Additionally, few 
studies have analysed scale-dependent spatial effects of seedling interactions over 
time (but see De Luis et al., 2008; Raventós et al., 2010). 
Many ecological processes are challenging to quantify within an intact ecosystem 
(McIntire & Fajardo, 2009) because biotic and abiotic processes may change in 
intensity and direction through space and time. For example, the intensity and 
direction (i.e. facilitation versus competition) of plant-plant interactions is known to 
vary through time, but quantifying these changes can be challenging (Miriti, 2006). 
Similarly, labile abiotic properties, such as soil hydrophobicity, are challenging to 
measure in situ and can require destructive sampling or complex experimental 
manipulations (Rye & Smettem, 2017). Thus, there is a large interest in utilizing plant 
patterns as a means for inferring processes (Law et al., 2009; McIntire & Fajardo, 
2009). While the efficacy of using pattern to infer process is debated (e.g. Law et al., 
2009; McIntire & Fajardo, 2009), continuing advancements in spatial analytical 
techniques make it possible to more precisely determine links between patterns and 
processes (Law et al., 2009). Application of appropriate biological hypotheses on 
spatial patterns such as consideration of the scale at which certain processes may act, 
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use of a priori inference and appropriate use of spatial statistical tools are all necessary 
to draw conclusions on unmeasured or unmeasurable processes (McIntire & Fajardo, 
2009). 
Prior knowledge of a system is critical for processes to be accurately inferred from 
patterns (McIntire & Fajardo, 2009). The restoration context is ideal for testing and 
validating ecological theories (Wainwright et al., 2018) because my a priori knowledge 
of, and ability to quantify the biotic processes driving emergence patterns and 
subsequent mortality, is often greater than that of intact systems whose patterns have 
resulted from years of successional and interactive processes. For example, in early 
successional rehabilitated areas, the most important process driving seed germination 
following dormancy alleviation is often moisture availability (Walck, Hidayati, Dixon, 
Thompson, & Poschlod, 2011). Subsequent to germination, processes such as seed 
quality or pathogen attack (James et al., 2013) may impact the patterns of seedling 
emergence (Fig. 1b and c). Spatial pattern analysis may allow us to distinguish between 
these processes and subsequent survival (Velázquez et al., 2016; Wiegand et al., 2017; 
Fig. 1d-f). Plant spatial pattern resulting from restoration has been analysed only once 
previously (Miller et al., 2010). This study examined the pattern of mature restoration 
in a sand mine setting to infer the timing, significance and scale of spatial processes 
leading to low establishment, but was a point-in-time measurement. Post-disturbance 
seedling emergence and survival patterns have been studied over time (Raventos et 
al., 2010), but do not take into consideration the highly altered state of post-mining 
conditions. As such, a gap in our understanding of early processes driving plant spatial 
patterns in the post-mining restoration context are limited.  
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Fig. 1. Planting strategies in restoration are often haphazard and, depending on surface soil 
topography, this could result in (a) random patterns of seed wherein seeds are no more 
likely to be near than far from other seeds. Subsequently, seedling emergence (green circles) 
could either be (b) random, resulting from homogeneous or undetectable processes, or (c) 
clustered indicating heterogeneity of processes, such as the distribution of soil moisture. If 
seedling emergence has a clustered pattern mortality (orange triangles) may occur due to 
processes such as (d) spatially structured resource limitation (e.g. soil with low moisture 
holding capacity, also known as scramble competition), or (e) density dependent 
competition (Raventos et al., 2010). Alternatively, mortality may be (f) spatially 
independent, for example when weak individuals die due to environmental conditions such 
as high summer heat which occurs irrespective of location relative to others (purple dashed 
lines indicate pattern of mortality). 
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I conducted this study in the banksia woodland ecosystem of southwestern Australia, 
which is one of the world’s biodiversity hotspots (Myers et al., 2000). In this study, I 
placed conspecific seeds in pre-determined random patterns (Fig. 1a) at a post-mine 
restoration site and monitored the emergence and subsequent survival of seedlings to 
establishment. The study was conducted over a two-year period in order to capture 
the three limiting stages in the restoration of banksia woodlands, seedling emergence 
and the first and second summer droughts (Benigno et al., 2014). For this reason, 
perennial species in this system are considered ‘established’ after two years. I 
replicated the design with two structurally important shrub species from the woodland 
community that have similar physical attributes (plant size, rooting depth, seed size). 
Soil conditions across the plots were assumed homogeneous due to soil mixing and 
spreading techniques. At the scale of likely species interactions (centimetres), I ask:  
1) can I use spatial point pattern analysis to determine the relative importance of 
abiotic and biotic processes in seedling emergence in restoration? 
2) do temporal patterns in seedling survival suggest density-dependent or 
spatially-independent mortality during seedling establishment (i.e. is seedling 
mortality at different stages more strongly driven by individual interactions or 
environmental structure, or neither in restoration) and at what scale do these 
processes operate?  
My a priori expectations were random spatial emergence given assumed homogeneity 
of soil conditions and that temporal mortality patterns of both species would be 
regular owing to density-dependent mortality from water-driven competition over the 
summer drought. A deeper understanding of the processes driving seedling mortality 
are ecologically interesting, but also hold the potential to inform restoration practice.  
3.3 Methods 
Study area  
This study was conducted at a sand mine on the Swan Coastal Plain of southwestern 
Australia (31.77° S, 115.86° E) (Hanson Construction Materials; Stevens et al., 2016). 
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The region has a Mediterranean climate with hot dry summers and cool wet winters 
with frequent small rain events (Cowling, Ojeda, Lamont, Rundel, & Lechmere-Oertel, 
2005). Annual precipitation for the area over the last 30 years was on average 670 mm, 
the majority occurring in winter, May to August (Bureau of Meteorology, 2018). The 
mine exists within the Bassendean dune complex (Pleistocene era) characterized by 
coarse to medium grain siliceous sands with low water retention (Salama et al., 2005) 
and low levels of soil nutrients (Foulds, 1993). Banksia woodlands are the historic (pre-
mining) native plant community of the region and post-mining restoration practices 
utilize topsoil transfer (Stevens et al., 2016). Subsequent to seedling emergence, two 
bottlenecks are known for restoration efforts in these highly altered post-sand mine 
environments: moderate mortality events after the first summer following planting 
and severe mortality after the second summer following planting (Benigno et al., 2014; 
Stevens et al., 2016). Severe mortality following the second summer is attributed to a 
soil hardening process that compacts soil to within 30 cm of the surface soil and 
reduces the total volume of soil roots can grow in, which may increase competition for 
soil water resources (Benigno et al., 2014). 
Intraspecific spatial plantings 
Many understorey species in banksia woodlands belong to the Fabaceae and 
Myrtaceae families (Dodd & Bell, 1993). One species from each family was used in this 
experiment, Acacia pulchella R.Br. (Fabaceae, subfamily Mimosoideae) and Regelia 
inops (Schauer) Schauer (Myrtaceae). The two species have medium sized seeds (A. 
pulchella 0.0096 g, R. inops 0.0014 g), are similar in adult size (A. pulchella 0.3- 3 m tall, 
R. inops 0.75-2.5 m tall; Florabase, 2019), have shallow rooting depth (Dodd & Bell, 
1993; Veneklaas & Poot, 2003), and are common throughout banksia woodlands 
(Florabase, 2019). Both species are commonly seeded into post-mine restoration sites 
(Rokich, Dixon, Sivasithamparam, & Meney, 2000; Rokich, Dixon, Sivasithamparam, & 
Meney, 2002) and aspects of their biology have been examined (Hallett, Standish, & 
Hobbs, 2011; Maher, Standish, & Hallett; Monk, Pate, & Loneragan, 1981).  
Seeds of the two species were collected at the mine site in the year prior to the study. 
Procedures to ensure all seeds were germinable were implemented. Acacia pulchella 
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seeds have physical dormancy, which was alleviated by placing seed in a 90°C water 
bath for 1 min following standard protocol (Bell, 1999). Regelia inops seeds do not 
have a dormant phase and so seeds were not treated (Bell, 1999). All seeds were x-
rayed (MX-20 Cabinet X-ray Unit; Flaxitron, Wheeling, Illinois, USA) to ensure they 
were filled with an embryo, with unfilled seed removed. The localities where plots 
were established had been developed following standard restoration protocol 
whereby topsoil collected from intact woodlands set to be mined was spread across an 
area where mining had ceased (Stevens et al., 2016). The topsoil was thoroughly mixed 
in this process – presumably reducing soil and seedbank heterogeneity. Plot surfaces 
were smoothed using a wooden flat-edge tool to ensure a flat homogeneous 
microtopography. I planted 640 seeds of each species in identical, pre-determined, 
spatially random patterns within two separate plots using four unique computerized 
randomizations that were transferred to plexiglass 50 cm × 50 cm squares (Fig. A2.1); 
one species 2 m × 4 m plot. Only one plot was used for each species in order to 
maximize the number of pairwise distances between individuals with the minimum 
amount of edge effect (Baddeley et al., 2015). Seeds were planted at a density of 80 m-
2 with nearest neighbour distances ranging between 1 cm and 35 cm. All seeds were 
planted to a depth of 1 cm (Rokich et al., 2000; Turner et al., 2006).   
Seeding took place in the beginning of winter (early July 2016) when environmental 
conditions are optimal for seedling emergence and survival (Bell, Plummer, & Taylor, 
1993). Soils in this region exhibit hydrophobicity, but it is assumed that hydrophobic 
conditions are alleviated by winter rainfall (Rye & Smettem, 2015). Given rain 
conditions were optimal the two months before and after planting (frequent rain 
events that were near monthly averages), I assumed hydrophobic conditions were 
alleviated across the plots. Ants are known to disperse seed of Acacia species (Berg, 
1975) and so plots were periodically checked for ant activity to assess and limit seeds 
moved by ants. Ants were present at the site, but no foraging activity was noted in the 
study plots. 
Species that were not intentionally planted (i.e. that emerged from the seedbank) 
were removed from both the plots and an adjacent 50 cm buffer for the duration of 
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the study to maintain single species cohorts. Seedling emergence was monitored 
monthly over the winter and stopped when emergence peaked (October-spring 2016). 
Survival measurements were made in six periods over two years: spring 2016, late 
spring 2016, summer 2017, autumn 2017, spring 2017 and autumn 2018. Height 
measurements were made to the tallest living (green) part of the plant. 
Statistical analysis 
Hypothesis 1: Seedling emergence  
I hypothesised seedling emergence would follow a pattern similar to Complete Spatial 
Randomness (CSR) as I assumed soil characteristics across my plots were 
homogeneous and soil moisture conditions would be similar for all seeds. Data for A. 
pulchella and R. inops emergence were analysed using point pattern analyses. All 
analyses were conducted in the statistical program R version 3.5.3 (R Development 
Core Team 2018) with the package spatstat (Baddeley & Turner, 2005). I tested all data 
in all time periods to determine the homogeneity of processes across the plots 
(Baddeley, Møller, & Waagepetersen, 2000) and found the distribution of plants in my 
plots was homogeneous. These plot level tests are necessary to determine the most 
appropriate statistic for analysis (homogeneous or inhomogeneous). For example, if all 
plants are concentrated on one side of a plot because of habitat conditions 
(inhomogeneous distribution) and a homogeneous analysis is used, results may 
incorrectly indicate a clustered pattern exists when there is actually regular spacing of 
plants within the area that they are growing in, which would indicate there is a first 
order process of soil heterogeneity and a second order process of plant competition. 
To evaluate patterns of seedling emergence, I derived the L function, L(r), (Besag, 
1977) and the pair correlation function, g(r), (Illian et al., 2008; Stoyan & Stoyan, 1994), 
where r equals the distance from an individual seedling in centimetres (Fig. 2a). L(r) 
calculates the number of seedlings at interpoint distances equivalent to or less than r 
from a target seedling and makes these calculations for every seedling in a plot (Fig. 
2a; Besag, 1977; Ripley, 1977). The L(r) function approximately stabilises variance of 
the statistical estimator (Besag, 1977), which improves the power of simulation 
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envelopes and hypothesis tests (Baddeley et al., 2014). The g(r) function calculates the 
number of seedlings at interpoint distances equal to r from a target seedling and is 
evaluated using concentric rings (Fig. 2b; (Baddeley et al., 2015; Illian et al., 2008), i.e. 
it is non-cumulative, while L(r) is cumulative. Similar to L(r), g(r) calculations are made 
for every seedling in the plot. These functions are tested against global envelopes, 
which are maximum absolute deviations from the theoretical, or null, model (CSR) 
value (Fig. 2c-d). Observed values outside the 95% global envelopes are interpreted as 
evidence for deviation from CSR. 
 
Fig. 2. The L(r) function (a) analyses the total number of seedlings falling within a given 
distance (denoted by “r” and represented by the purple dashed circle and shaded area) from 
a target individual (yellow star). These measurements are conducted with incremental r for 
all seedlings in the plot. The g(r) function (b) analyses the total number of individuals falling 
within concentric rings from a target seedling and, like the L(r) function, is analyzed at 
multiple distances. Global envelopes are created through the simulation of a null model, in 
this example (c) six simulations (usually 199 simulations or more are used for ecological 
studies) of Complete Spatial Randomness (CSR). Then, (d) each replicated simulation (thin 
blue solid lines) and the observed pattern (thick black solid line) are plotted against the 
theoretical value of the function being tested (red dashed line). The maximum deviation of 
simulations above and below the theoretical value (blue dotted lines) are then used to build 
global envelopes (grey shaded area). In this instance, the observed pattern deviates above 
60 
 
the global envelopes, which indicates the pattern is clustered and does not follow a pattern 
of CSR. Deviation below the global envelopes would indicate a regular pattern. 
I tested observed spatial patterns against a null model of CSR using global envelopes as 
consistent with my predictions of seedling emergence. The edge of plots present a 
challenge for analysis because an edge point will have an area within radius r with both 
observed points (in the plot) and unobservable points (outside the plot). Edge effects 
in my analysis were treated with a Ripley’s isotropic correction (Ohser, 1983; Ripley, 
1988). I used a null model of CSR tested with Monte Carlo methods (Besag, 1977) for 
exploratory analysis and hypothesis testing. The simulated global envelopes are a 
formal hypothesis test, and were not bootstrapped (i.e., they are not confidence bands 
or intervals). I used 1999 simulations of random point distributions with a critical value 
of 100 to obtain a two-tailed 95% significance level (100/(1 + 1999) = 0.05), wherein 
deviation from the global envelope suggests rejection of the null hypothesis (CSR, g(r) 
and L(r) = 0). Deviation from the null model (e.g. patterns outside the global envelope) 
indicates non-random patterning in either clustered (g(r) and L(r) > 0) or regular (g(r) 
and L(r) < 0) formations. I evaluated patterns between distances (r) of 3 cm and 50 cm, 
as the shortest distance between seedlings at emergence was 3 cm and the longest 
distance between individuals was under 50 cm. Functions were evaluated at one 
centimetre intervals.  
Hypothesis 2: Inferring density-dependent competition from patterns of survival and 
mortality 
I hypothesised seedling mortality post-emergence would be the result of density 
dependent competition and tested this hypothesis using two sets of statistics, 
univariate analyses of mortality and bivariate analyses of the association between 
dead and live seedlings. The univariate analyses were similar to the tests of emergence 
and survival, g(r) and L(r), but I tested patterns of dead individuals. This analysis 
reveals whether dead seedlings cluster together. However, clustering may occur as a 
result of both resource limitation and density dependent mortality (Fig. 1d and e) so I 
also utilized a “dot” function (in this case a bivariate analyses) to test the spatial 
relationship between dead and living seedlings. The dot function tests a selected mark 
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(i.e. identity attribute) within the pattern (in this case “dead” seedlings) and compares 
it with all other marks in the pattern (all of my “live” seedlings) to determine whether 
they are spatially associated.  Resource limitation mortality would demonstrate a 
negative association, or repulsion, between live and dead seedlings wherein dead 
seedlings are near dead seedlings and live seedlings are near live seedlings (Fig. 1d). 
Density-dependent mortality (Fig. 1e) would result in a positive association, or 
clustering of dead seedlings around live seedlings. The function takes the multi-type 
form g i•(r) and Li•(r) (Diggle, 1983; Harkness & Isham, 1983; Lotwick & Silverman, 
1982).  
My null hypothesis of associations between dead and living seedlings was the 
hypothesis of random labelling, which is recommended for evaluation of a posteriori 
processes, such as mortality or incidence of disease attack from among a set of 
individuals with an already known pattern (Goreaud & Pélissier, 2003). The dot 
function provides a clear interpretation of results when conducting random relabelling 
under a pre-existing pattern (Baddeley et al., 2015). The geographic location of points 
was kept constant and dead and live labels were randomly permuted using a Monte 
Carlo test (total number of live and dead individuals was held constant). Random 
relabelling was evaluated with the functions g dead,•(r) – g(r) and Ldead,•(r) – L(r) which is 
the “multitype point process with marks” minus the “point process summary function 
without marks”. When g dead,•(r) = g(r) and Ldead,•(r) = L(r), I may infer completely 
random labelling, and no spatial signal of association between dead and live seedlings. 
Deviation above simulated global envelopes infers that dead individuals are more likely 
to be near live individuals than would be expected if live and dead marks were 
randomly assigned to points (i.e., an aggregation of dead seedlings near live seedlings 
and density-dependent competition is inferred), while deviation below the global 
envelopes indicates repulsion of dead and live individuals (i.e., resource limitation or 
random mortality). Similar to g(r) and L(r), g dead,•(r) and Ldead,•(r) evaluate random 
labelling  at distances  between 3 cm and 50 cm. I predicted mortality would become 
clustered (g(r) and L(r) of dead seedlings only) and associations between dead and live 
seedlings (g dead,•(r) and Ldead,•(r)) would become positive (deviate above simulation 
envelopes) over time. 
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Analyses of mortality patterns and spatial relations between dead and live seedlings 
were run for sampled time periods that included more than 20 dead seedlings to 
ensure sufficient statistical power for the analyses (Rajala, Redenbach, Särkkä, & 
Sormani, 2018). As above, to test for significance, Monte Carlo methods were used 
with global envelopes created from 1999 simulations with a critical value of 100 for a 
significance level of P = 0.05. 
3.4 Results 
Seedling emergence  
Despite planting in a random pattern, seedling emergence was clustered for A. 
pulchella and R. inops (Fig. 3a and c). Deviations were above global envelopes for g(r) 
and L(r) (Fig. 3b and d, and Fig. A2.2a and b, respectively), indicating a significant 
clustered pattern of emergence (P < 0.05) for both species. Clustering occurred at 
scales below 13 cm for A. pulchella (Fig. 3b) and below 18 cm for R. inops (Fig. 3d). 
Planted seed that did not emerge also had a clustered pattern for A. pulchella and R. 
inops at distances below 5 cm (Fig. A2.2c and d). 
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Fig. 3. Observed patterns of seedling emergence (a and c) in the first time period (spring 
2016) where open circles represent an individual seedling in the 2 m × 4 m plots. Test results 
for (b) Acacia pulchella and (d) Regelia inops seedlings using the g(r) or pair correlation 
function, where r is the distance at which points are analysed and g(r) is the derivative of 
Ripley’s K. The solid black line is the observed g(r) value, the dashed red line is the 
theoretical g(r) value under Complete Spatial Randomness and grey shaded areas above and 
below the theoretical g(r) are global envelopes estimated from 1999 simulations of the 100th 
rank (P = 0.05), which indicate the maximum variation in random patterns that I would 
expect to find given the number of points and area being analysed. Deviation of observed 
patterns above the global envelopes indicates clustering (significance level of 0.05). 
 
Patterns of survival 
Initial clustering in A. pulchella apparent at the emergence stage diminished over time: 
clustering was below 7 cm from late-spring 2016 to Autumn 2017 (Fig. 4a-c), and 
between 9 cm to 12 cm in spring 2017 (Fig. 4d). In the final measurement period, 
autumn 2018, the spatial arrangement of live seedlings was consistent with a pattern 
of CSR (Fig. 4e, Fig. A2.3e). 
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Fig. 4. Tests of live seedling patterns over the five measured time periods following emergence using the g(r) function for Acacia pulchella (a-e) and 
Regelia inops seedlings (f-j) with a CSR model. The solid black line is the observed g(r) value, the dashed red line is the theoretical g(r) value under 
CSR and grey shaded areas above and below the theoretical g(r) are global envelopes estimated from 1999 simulations of the 100th rank 
(significance level of 0.05).  
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In contrast to A. pulchella, models of g(r) and L(r) for R. inops remained 
similar over the five time periods following emergence (Fig. 4f-j, and Fig. 
A2.3f-j, respectively). Patterns of emergence and survival were significantly 
different from CSR with deviations above the global envelopes indicating 
clustering at distances below 20 cm (Fig. 4f-j). 
Timing of mortality 
Rates and timing of mortality differed substantially between the two 
species. Total mortality after two years was higher for A. pulchella than R. 
inops (39% and 12% respectively, Fig. 5). Acacia pulchella mortality 
increased fivefold between the late spring 2016 and summer 2017 
measurements (2 months; 2.5% to 13.3%, respectively), and though R. 
inops mortality doubled over the same period, the total mortality was very 
low (1.1% to 2.6%, respectively). Total seedling emergence (spring 2016) 
and final survival (autumn 2018) of individuals was lower for A. pulchella 
than for R. inops (Fig. 5).    
 
Fig. 5. Seedling emergence and survival within the six sampling periods, which 
are 3, 5, 7, 11, 17 and 22 months since time of seeding, from emergence in 
spring 2016 to year 1 (autumn 2017) and year 2 establishment (autumn 2018). 
640 seeds were planted in each plot. The red dashed line indicates the “20 dead 
seedling” threshold for my mortality analysis. Acacia pulchella had four and 
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Regelia inops had one period with over 20 dead individuals. Density m-2 
measurements are for live seedlings. 
Analysis of the dead individuals complements the analysis of the live 
individuals. Dead A. pulchella individuals were randomly distributed 
between summer 2017 and spring 2017 (Fig. 6a-c, Fig. A2.4a-c). However, 
in autumn 2018 the pattern deviated significantly from CSR above the 
global envelopes indicating clustering at distances below 7 cm (Fig. 6d and 
Fig. A2.4d). Dead R. inops did not significantly deviate from CSR (Fig. 6i and 
Fig. A2.4e). 
There were no significant deviations from either test function, gdead,•(r) - 
g(r) or Ldead,•(r) - L(r), for A. pulchella in summer and autumn 2017 (Fig. 6e 
and f, and Fig. A2.5a and b, respectively). This implies mortality status of a 
seedling was not correlated with its neighbour’s mortality status during the 
first bottleneck to seedling establishment. Thus, dead seedlings were no 
more likely to be close to a live seedling neighbour than they were to be 
away from a live seedling neighbour. However, there was a very slight 
deviation in spring 2017 (Fig. 6g) and a significant deviation following the 
second establishment bottleneck (Fig. 6h) at distances below 6 cm. Final 
time period (autumn 2018) shows density-dependent mortality for A. 
pulchella and spatially independent mortality for R. inops (Fig. 7). Acacia 
pulchella had some dead seedlings not in clusters, but all the clusters have 
some dead seedlings (Fig. 7a). In contrast, R. inops has dead seedlings in 
clusters, dead seedlings not in clusters and clusters of live seedlings with no 
dead seedlings present (Fig. 7b).
67 
 
 
Fig. 6. Tests of complete spatial randomness (CSR) for dead seedlings (a-d, i) and spatial association between dead and live seedlings (e-h, j) within 
time periods with more than 20 individuals. Test results for dead Acacia pulchella (a-d) and Regelia inops (i) seedlings using the g(r) function. The 
solid black line is the observed g(r) value, the dashed red line is the theoretical g(r) value under CSR and grey shaded areas above and below the 
theoretical g(r) are global envelopes estimated from 1999 simulations of the 100th rank (P = 0.05). Test results of random labelling for A. pulchella 
(e-h) and R. inops (j) seedlings using the gdead,•(r) - g(r) function. The solid black line is the observed gdead,•(r) - g(r) value, the dashed red line is the 
theoretical gdead,•(r) - g(r) value under CSR and grey shaded areas above and below the theoretical gdead,•(r) - g(r) are global envelopes estimated 
from 1999 simulations of the 100th rank (significance level of 0.05).  
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Fig. 7. Plots of live (white circle) and dead (black circle) seedlings for Acacia pulchella (a) and 
Regelia inops (b) in the final sample period (autumn 2018, two years from seeding). Red 
dashed lines show clusters with live and dead seedlings, blue dotted lines show dead 
seedlings not in clusters, and green dash-dot lines show clusters with live only seedlings.   
 
3.5 Discussion 
Seedling emergence  
Seeds were planted in a predetermined randomized pattern, but emergence in both 
species was aggregated. Similarly, the failure of seedlings to emerge was aggregated 
for both species. Seedlings of both species experienced elevated summer and autumn 
mortality. However, the spatial structure of this mortality differed between the two 
species, resulting in an enhanced aggregated structure for R. inops, and a loss of the 
aggregated structure for A. pulchella. These results suggest identical or parallel 
processes structuring seedling survival– seedling germination and/or emergence 
likelihood varies at the 12–18 cm scale in my plots, but divergent processes occur in 
later stages. Mortality of emerged A. pulchella seedlings switched to be more likely in 
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or near clusters, suggesting interactions between individuals, and leading to loss of the 
post-emergence spatial structure while R. inops mortality was independent of location, 
leading to the emergence structure persisting through the two year time frame of the 
study. 
Numerous abiotic and biotic processes likely affected the spatial patterning of the A. 
pulchella and R. inops seedling emergence. A primary driver is likely soil moisture 
availability, which is a major limiting factor to seed germination in this system (Bell, 
1999). Soil water distribution is often strongly influenced by seasonal soil water 
repellency (hydrophobicity) in banksia woodland systems (Rye & Smettem, 2017). 
Though soil hydrophobicity may be an important driver of plant community 
development in this system, the distribution and intensity of this process and its role in 
seedling persistence is still poorly understood. Additionally, soil temperature and 
variation in soil chemical and physical properties may have affected surface and near-
surface soil moisture (Salama et al., 2005). Temperature itself may also have impacted 
seed germination and subsequent seedling emergence (Bellairs & Bell, 1990). I was 
unable to conduct tests of soil hydrophobicity, temperature and organic matter 
content across the plots through time without destructively sampling or altering 
microenvironmental conditions of seedlings, thus these metrics were not measured 
directly. However, given the seed I used had high viability and the spatial patterns 
observed in my seedling emergence were clustered instead of random, it is likely that 
surface and near-surface soil conditions have a large impact on seeding efforts in 
restoration.  
In addition to limitations on seed germination, fungal attack and insect herbivory may 
also limit emergence of germinated seed (Kardol & Wardle, 2010). I did not excavate 
non-emergent seed, in order to avoid disturbance to the plots, so have no explicit 
measure of these processes. Given that seed was buried and that there was no 
evidence of excavation by animals or insects, I assume all seeds remained in their 
planted location. A concurrent seed burial analysis found there was no seed mortality 
due to fungal attack in the first two months following planting (W. Lewandrowski, 
personal communication, 10 February 2019). 
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Patterns of mortality  
i. First year following planting 
Acacia pulchella had two distinct periods of high mortality (late spring 2016 to summer 
2017, and spring 2017 to autumn 2018). By contrast, mortality for R. inops was 
relatively low overall. High mortality for A. pulchella in the two months between late 
spring 2016 and summer 2017 (10.8%) and low mortality from summer 2017 to 
autumn 2017 (1.3%) are opposite to the mortality trend of R. inops, which was 1.5% 
and 2.3%, respectively. Pre-summer 2017 precipitation was half the long term average 
and post-summer 2017 precipitation was three times greater than average (Bureau of 
Meteorology, 2018). This indicates the unusually high precipitation following the 
summer 2017 measurements likely had a large positive impact on Acacia pulchella 
seedling survival but did not have the same impact on R. inops. Survival of seedlings 
over hot dry summers of MCEs has been directly linked with soil moisture availability 
and rooting strategy (Padilla & Pugnaire, 2007). In the early stages of seedling growth, 
reduced soil moisture induces root elongation in some species (Padilla, Miranda, & 
Pugnaire, 2007), but increasingly sporadic rainfall patterns may create conditions that 
are too dry for seedling persistence (Hallett et al., 2011). In addition to low rainfall, 
temperatures in the month prior to summer 2017 measurements were the highest for 
the spring 2016-autumn 2017 period, with six days over 40°C (Bureau of Meteorology, 
2018). 
Results of my spatial tests of dead-seedlings suggest that mortality of A. pulchella 
followed a spatially independent pattern in the first year following planting. Similarly, 
my test of random labelling showed no correlation between dead and live seedlings. 
Regelia inops had too few dead seedlings to conduct tests of mortality in the four 
periods following emergence. Bottlenecks to seedling establishment in MCEs 
commonly occur in the first year following planting (Standish, Fontaine, Harris, Stock, 
& Hobbs, 2012). My results suggest that interactions between seedlings in the first 
year following planting were not strong enough to drive mortality of their neighbours 
even though a first-year bottleneck was apparent for both species. These results are in 
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contrast to those of Chapter 2 where interactive effects were pronounced in the one-
year-old site. 
Mortality was higher for A. pulchella than R. inops in my study for the first year of 
growth (15.8% and 5.7%, respectively), which is consistent with findings of Hallett et al. 
(2011). However, in a field study, Maher et al. (2008) did not find differences in 
mortality between the two species in the first two years of growth (13% for A. 
pulchella and 14% for R. inops). High rates of mortality (50% after the first year of 
growth) have been recorded for A. pulchella and have been attributed to high 
intraspecific competition (Monk et al., 1981). This assumption is due in part to the 
thick stands that A. pulchella produces post fire (Monk et al., 1981). The lack of 
consistency between studies could be due in part to the different scales of study. 
Lower recorded rates of mortality for R. inops (only 12% after two years), relative to 
Maher et al. (2008), could also indicate better growing conditions during my study and 
a lower overall competitive environment.     
An additional factor that could contribute to early seedling mortality is arthropod and 
insect herbivory. The invasive Black Portuguese millipede (Ommatoiulus moreletii) 
were prevalent in high numbers in 2016. Predation on individual plants was noted 
where it was apparent beyond doubt (four A. pulchella individuals), but for the 
majority of dead individuals, cause of death could not be conclusively determined. 
Insect herbivory may have contributed to seedling mortality in some instances, but 
evidence was neither strong nor conclusive.  
 ii. Second year following seeding 
I found density-dependent mortality in A. pulchella following the second summer 
drought event, but spatially independent mortality for R. inops. Similar to previous 
studies in this system (Benigno et al., 2014), my results show biphasic mortality in both 
species with the highest levels of mortality occurring after the second summer (39.2% 
for A. pulchella and 12.1% for R. inops). High second summer mortality is assumed to 
be the result of increased competition for soil moisture resulting from subsurface soil 
hardening and seedling growth (Benigno et al., 2013). Soils in these post-mine sites 
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harden to within 30 cm of the soil surface by the end of the 2nd year following 
restoration, which reduces the total volume of soil from which plants may extract soil 
moisture (Benigno et al., 2013). My results suggest that intraspecific competition for 
water is a key driver of mortality for A.pulchella. The clustered mortality of A. pulchella 
at short distances (< 8 cm) and the association between dead and live seedlings over 
the same distances indicates density dependent mortality, which is likely due to 
competition over soil moisture. Competition between R. inops individuals was not 
apparent for any time period. A lack of discernible competitive interactions between 
Regelia inops seedlings likely indicates neutral effects between individuals. However, 
given the low overall mortality of R. inops in my study, further study on interactions 
between individuals under a range of environmental conditions may identify a 
threshold for competitive versus neutral effects. 
Multiple interacting above and belowground processes and feedbacks likely contribute 
to my results. Limited soil moisture in the upper soil profile, where seedling roots 
grow, is a primary cause of seedling mortality in many species along the Swan Coastal 
Plain (Hallett et al., 2011; Stevens et al., 2016). Soil moisture in the upper soil profile of 
post-mine restoration sites is largely driven by temporally hydrophobic surface soils 
that create channelled water flow and organic matter content that affects water 
holding capacity. This spatially and temporally variable soil moisture context likely 
contributes to the competitive interactions seen in my study with A. pulchella. An 
additional contributing factor to seedling mortality could be related to alterations in 
soil microbial communities. Birnbaum et al. (2017) found that soil freshly stripped from 
intact woodlands suffers large declines in soil microbial activity that may take years to 
recover. Lower overall survival of A. pulchella could be related to possible alterations 
in soil microbial communities with the overall patterns of mortality reflecting a process 
possibly operating at a larger spatial scale. 
3.6 Conclusions 
Spatial point pattern analysis has become increasingly popular in the detection of 
possible plant-plant interactions as identified in a twenty-year review by Velázquez et 
al. (2016). Spatially explicit data may be used to infer ecological mechanisms acting at 
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various scales that underlie plant community structure (McIntire & Fajardo, 2009). In 
turn, spatial patterns can be used to generate hypotheses about the specific 
mechanisms responsible. This study demonstrates that while one study species 
required specific neighbourhood conditions for survival the other did not.  
The use of spatial analysis may be used to help identify the scale and nature of 
processes that act to limit plant establishment in the restoration context. Specifically, 
knowledge of optimal seed spacing may be used to inform seeding rates and novel 
restoration technologies, such as precision planting devices that provide the ability to 
control spatial distribution of seeds at varying scales (Masarei et al., 2019). My results 
demonstrate that different processes operate at different stages and have species-
specific effects, which provides a foundation for future manipulative experiments to 
develop greater ecosystem generalisations.  
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Thesis overview 
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Seeding in patches promotes species coexistence in restoration 
 
4.1 Summary 
1. Species interactions are an overlooked and important determinant of 
restoration outcomes. Specifically, they may contribute to the promotion of 
diversity for disturbed, high plant diversity ecosystems. Coexistence of many 
plant species is attributed, in part, to species segregation, which results in 
intraspecific aggregations. Evidence suggests that manipulating species’ spatial 
arrangements to create intraspecific aggregations (compositional segregation) 
might lead to improved diversity outcomes in ecosystem restoration. Similarly, 
plant-patch – bare-ground matrices (physical segregation) are known to impact 
biotic and abiotic processes that may affect seedling survival. 
2. To quantify the effect of plant aggregations in restoration, I planted seeds of six 
woody shrub species within three spatial patterns: single species aggregated, 
mixed species aggregated and mixed species dispersed plantings. Emergence 
was monitored and seedling survival was measured every month from spring to 
autumn to capture summer mortality. These data were used to infer strength 
and direction of intraspecific and interspecific interactions in relation to density 
and diversity of restoration. 
3. Four of six species demonstrated higher survival in single-species aggregated 
plantings relative to mixed-species dispersed plantings (P < 0.05, Acacia 
pulchella, Allocasuarina fraseriana, Beaufortia elegans, Gompholobium 
tomentosum). Survival of Regelia inops was higher in mixed species dispersed 
plantings than either of the aggregated plantings (P < 0.01), while survival of 
Jacksonia furcellata in mixed-species dispersed plantings was higher than 
single-species aggregated plantings (P < 0.01), but similar to aggregated 
plantings. At the plot level (1 m2), single-species aggregated plantings had 
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greater community evenness than either mixed-species aggregated (P = 0.02) 
or mixed-species dispersed (P < 0.01) planting treatments. 
4. Synthesis and applications. My results demonstrate support for intraspecific 
aggregation and interspecific segregation promoting coexistence of species in 
the restoration context of a high plant diversity ecosystem, and demonstrate a 
positive role for the patch context in seedling persistence. This knowledge both 
builds upon ecological theory and provides a foundation for informing 
restoration plantings. Specifically, results of this study may be used to inform 
the development of novel seed deployment technologies that can impose 
species specific aggregated plantings and improve the efficiency and 
effectiveness of seeding practices. 
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4.2 Introduction 
Global demands for the restoration of degraded ecosystems are high and increasing 
due to ongoing, pervasive land degradation (Scholes et al., 2018). Ecosystem 
restoration is perceived as vital to the subsistence of 3.2 billion people (United 
Nations, 2019), but restoration efforts do not consistently achieve required outcomes, 
creating an immediate and urgent need to improve the success of restoring degraded 
lands to target conditions (Hardegree et al., 2011; Suding, 2011). One factor that may 
contribute to failures of species establishment in restoration is the spatial arrangement 
of individual plants (Miller et al., 2017). Currently, large scale restoration efforts that 
utilize seed and green stock tend to use a haphazard (‘random’) or linear spatial 
arrangements (McCallum et al., 2018) following an agricultural model. However, native 
plant communities infrequently have a linear spatial arrangement (but see Rietkerk et 
al., 2002) and are never random per se, because they form as a result of numerous 
ecological processes that occur over varying spatial and temporal scales (McIntire & 
Fajardo, 2009). Patterns of vegetation similarly impact the intensity and 
spatiotemporal extent of ecological processes (Miller et al., 2010). The establishment 
and survival of plants in restoration is thus dependent on the spatial arrangement of 
individuals (Miller et al., 2010). If we are to improve restoration outcomes, then 
moving away from an agricultural approach and understanding effects of spatial 
patterning on the return of abiotic and biotic processes leading to plant establishment 
may improve overall restoration success.  
One mechanism that likely contributes to the coexistence of numerous plant species in 
areas of high plant diversity is more frequent intra- rather than inter-specific 
competitive interactions (Chesson, 2000; Fig. 1). The predominance of intraspecific 
(single species) interactions results from both intraspecific aggregation and 
interspecific (multiple species) segregation (McGill, 2010). Coexistence theory posits 
intraspecific aggregation and interspecific segregation create conditions wherein a 
species is only likely to interact with itself as opposed to with competitively superior 
species, and thus be more likely to persist within the ecosystem (Chesson, 2000; 
McGill, 2010). Though competitive hierarchies underpin coexistence theory, positive 
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interactions like facilitation and mutualism may play a significant role for some species 
(Monzeglio & Stoll, 2005). 
 
Fig. 1. Species may be separated both compositionally and physically (a and b) in space due 
to numerous processes. Theories of species coexistence posit the intraspecific segregation of 
species provides conditions such that at least one individual of each species remains 
following competition (McGill 2010) which might be intensified due to a bottleneck (van der 
Waal et al., 2009), such as summer drought. Under conditions of (c) interspecific mixing of 
species, competitively superior species will drive the mortality of competitively inferior 
species, such that the competitively inferior species no longer exist in the system following a 
bottleneck. Under conditions of (d) intraspecific segregation of species, competition occurs 
amongst individuals of the same competitive strength such that at least one of every 
individual is present in the system following a bottleneck (i.e. high evenness). 
Experimental tests of species coexistence have demonstrated species of different 
competitive abilities possess greater capacity to coexist when their interactions are 
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predominantly with the same species (Mokany, Ash, & Roxburgh, 2008; Monzeglio & 
Stoll, 2005; Porensky, Vaughn, & Young, 2012; Seahra, Yurkonis, & Newman, 2016, 
2019; Stoll & Prati, 2001). This intraspecific aggregation and interspecific segregation 
manifests in all species having the ability to persist in the system. For example, such 
spatial patterning can increase the biomass production and likelihood of flowering of 
competitively weak annual plant species (Monzeglio & Stoll, 2005; Stoll & Prati, 2001). 
Similarly, the segregation of species with different competitive strengths can lead to 
greater rates of survival of more species, promoting the maintenance of a greater 
diversity of species (Porensky et al., 2012; Seahra et al., 2016). However, coexistence 
studies have primarily focused on the composition of species throughout a plot with 
propagule material being evenly distributed across the entire plot (Fig. 1a; Mokany et 
al., 2008; Monzeglio & Stoll, 2005; Porensky et al., 2012; Seahra et al., 2016, 2019; Stoll 
& Prati, 2001). While the intensity of interactions between inter- and intraspecific 
individuals may be altered through spatial composition of species, the role of plant 
patch–bare ground matrices- the physical distribution of plants and unoccupied 
surface soil in space- may also be critical in seedling survival (Fig. 1b; Miller et al. 2010), 
but has not been extensively studied (but see Rayburn & Schupp, 2013).  
Intraspecific aggregation and interspecific segregation may result from low seed 
dispersal, clonal regeneration and/or patchy edaphic conditions (Myers & Harms, 
2009; Stoll & Prati, 2001). This suggests that not only would species be separated 
compositionally, but also physically, such that plant patches and bare ground form a 
matrix at fine spatial scales (centimetres to metres, Fig. 1b). Plant patch-bare ground 
matrices are known to be a key driver of many abiotic and biotic processes (Rietkerk et 
al., 2002). For example, processes such as nutrient capture or increased water 
infiltration rates may result from clustered species emergence (Hulvey et al., 2017; 
Reis, Bechara, & Tres, 2010). The plant patch-bare ground matrix can be important to 
plant regeneration in resource-limited systems like drylands where surface water 
infiltrates at greater rates into vegetated patches (Rietkerk et al., 2002) and in high 
plant diversity systems like rainforests where amelioration of light and temperature 
conditions by nurse species improve survival of shade-tolerant species (Bertoncello, 
Oliveira, Holl, Pansonato, & Martini, 2016). The spatial patterns of plant patches and 
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bare ground may affect the successful reinstatement of restored ecosystems in drier, 
high diversity ecosystems as well (Miller et al., 2010). As such, the role of both species 
composition and plant patch-bare ground matrix may be critical to the establishment 
of plant species in high diversity systems. 
This study tests the influence of differing spatial patterns and species compositions on 
seedling survival, using six native shrub species in three different spatial and 
compositional arrangements: single species aggregations (intraspecific), mixed species 
aggregations (interspecific) and mixed species dispersed (interspecific) plantings. I 
hypothesized that the evenness of species survival (similar proportion of species) at 
the plot level would be greatest when seed was planted as single species patches and 
expected to find evidence for more intense inter- versus intra-specific competition 
driving the elimination of some species.  
4.3 Methods 
Study site 
The study was implemented at a post-mine restoration site at Gaskell sand mine 
operated by Hanson Construction Materials in the Perth region of Western Australia 
(31.77° S, 115.86° E). Soils are coarse to medium grain sands and characterized by very 
low nutrient content (Lambers, Brundrett, Raven, & Hopper, 2011; Turner, Hayes, & 
Laliberté, 2018) and water holding capacity (Salama et al., 2005). Prior to mining, the 
site supported banksia woodlands (Keighery & Keighery, 2016), which are part of the 
Southwestern Australian Floristic Region biodiversity hotspot (Hopper & Gioia, 2004; 
Myers et al., 2000) and listed as a Threatened Ecological Community (EPBC Act s266B, 
1999). Over 600 native plant species exist in banksia woodlands (Stevens et al., 2016) 
with 171 total species recorded in monitoring records from the study site and 
surrounds (J.C. Stevens, unpublished data). The major component of plant richness in 
banksia woodlands is due to understorey species, including sclerophyllous shrubs, 
sedges, rushes and geophytes (Commonwealth of Australia., 2016).  
The regional climate follows a typical Mediterranean regime with mild, rainy winters 
and hot, dry summers (Cowling, Rundel, Lamont, Kalin Arroyo, & Arianoutsou, 1996). 
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Precipitation was typical for the study period with the majority of rain occurring in 
winter, June-August 2018 (Fig. 2). No precipitation occurred in summer and January 
2019 had the hottest recorded temperature for the study period, 44°C (Bureau of 
Meteorology 2019; Fig. 2). 
 
 
Fig. 2. Precipitation and temperature over the May 2018 to April 2019 study period. The 
orange dashed line is monthly maximum temperature in °C (y-axis to the right) and the blue 
bars are total monthly precipitation in mm (y-axis to the left). 
 
Experimental design and data collection 
Six native woody shrub species that are commonly seeded in restoration practice were 
selected for the experiment: Acacia pulchella, Allocasuarina fraseriana, Beaufortia 
elegans, Gompholobium tomentosum, Jacksonia furcellata and Regelia inops. These 
have a diverse range of plant physical and physiological traits (Dodd & Bell, 1993; Dodd 
et al., 1984; Groom, Froend, & Mattiske, 2000; He & Lamont, 2010; Turner et al., 2006; 
Veneklaas & Poot, 2003). In particular, average seed masses of these species range 
from 9.6–0.2 mg (A. pulchella = 9.6 g, A. fraseriana = 6.4 mg, B. elegans = 0.2 mg, G. 
tomentosum = 1.5 mg, J. furcellata = 6.5 mg, R. inops = 1.4 mg). Seeds for all species 
were treated according to dormancy type: 1 min in 90°C water for physical dormancy 
(A. pulchella, G. tomentosum, J. furcellata); 24 h in 10% smoke water solution for 
physiological dormancy (B. elegans, R. inops); and no treatment for non-dormancy (A. 
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fraseriana). The selected seeding rates for each species (Tangney, 2018) were set to 
achieve a total of 36 seedlings of each species per treatment (Fig. 3), such that the 
same quantity of seed was used for each species across each plot. 
To assess effects of varying spatial pattern and intra-versus inter-specific clustering, I 
tested three planting schemes: dispersed mixed, aggregated solo, and aggregated 
mixed (Fig. 3). Fifteen replicate blocks of each of the three plot types were arranged in 
a randomized complete block design (3 treatments × 15 replicates = 45 total plots). 
Plots all measured 1 m × 1 m and were separated by a 2 m buffer. The planting scheme 
did not include a dispersed solo treatment because I was interested in the patch 
context, specifically conspecific patches, with the dispersed mixed treatment being 
representative of current restoration practice.  
Plantings were either ‘dispersed mixed’, with seeds of all species mixed and spread 
evenly in an ad hoc ‘random’ manner across each entire plot, or aggregated, with seed 
concentrated in six 12 cm-diameter patches per plot (representing ~7% of the 1 m2 
plot). Dispersed mixed plantings included a mix of all species (Fig. 3a), and are 
representative of current restoration practices where seeds of many species are 
thoroughly mixed and evenly distributed across restoration sites (Stevens et al., 2016).  
All aggregated plantings included six patches which either had a different species in 
each patch (aggregated solo, Fig. 3c) or had all six species mixed in each patch 
(aggregated mixed, Fig. 3b). In the aggregated solo treatments, arrangement of 
individual species patches was randomized for every plot. All patches were 113 cm2 
with a 20 cm buffer around each patch and six patches per aggregated planting plot. 
Seedling patch sizes and density were based on attributes of typical patches measured 
in existing restoration.  
Seed was planted in May 2018 prior to winter rains, and any species that were not 
intentionally planted were removed from inside the plots and within a 50 cm buffer 
around the plots as they emerged. Plots were checked monthly over winter and early 
spring to determine when maximum emergence occurred. After maximum emergence 
(October 2018), monthly counts of all individuals per plot were conducted until April 
2019, which was the conclusion of the summer dry season. Therefore, the final dataset 
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constituted monthly counts of individuals by species within each patch type nested 
within plot. Individual seedlings were not tagged so both recruitment and mortality 
may have occurred both before and after October 2018 maximum emergence time 
point, but the majority of emergence occurred by this point. Emergence varied within 
species by treatment, but I did not have any a priori assumptions as to why this may 
have occurred and no conclusive understanding of why differences were found 
(Appendix 3.1). 
 
Fig. 3. Layout of plots and patches. Dispersed plots were planted with seeds scattered evenly 
across the whole 1 m2 plot (a) whereas aggregated plots had seed concentrated in six 113 
cm2 patched areas separated by a buffer (b and c). Aggregations either had six species 
planted in each patch (b) or a single species planted per patch (c). Each plot had 15 replicates 
(3 treatments × 15 replicates = 45 plots). 
 
Statistical Analysis 
To assess evidence of inter- and intra-specific interactions, I applied regression-based 
tools examining the processes of final survival and the interactions of seedlings 
between emergence and final survival. Further, to assess broader community-scale 
implications, I calculated Pielou’s index of evenness, which determines how similar the 
density of species is in an environment. Analyses are reported at a 95% confidence 
level and were run with R ver. 3.5.3 (R Core Team, 2019, https://www.r-project.org/) 
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using the glmmTMB (v 0.2.3; Brooks et al., 2017), emmeans (v 1.4; Lenth, Singmann, 
Love, Buerkner, & Herve, 2019) and BiodiversityR (v 2.11-3; Kindt, 2019) packages.   
Final plant survival per plot (April 2019) was analysed to determine the overall effect of 
planting treatment on the establishment of seeded plants. Data for each species were 
analysed using a GLMM with a beta binomial error distribution to account for model 
overdispersion (Hinde & Demétrio, 1998). Response variables were number of live 
seedlings relative to the total amount of seed planted, with treatment as a fixed effect 
and block as a random effect. A Tukey–post-hoc adjustment was applied in 
comparisons of least squares means for final time period GLMM models, which 
provides a conservative estimate of P-values (Hayter, 1984).  
Seedling survival over time was analysed to distinguish between the strength and 
direction of plant-plant interactions relative to seedlings that emerged by species. A 
GLMM was used to compare seedling survival over time in the three treatments 
(dispersed mixed, aggregated solo, aggregated mixed) for the six species. This analysis 
was used to support inference of competitive or facilitative interactions between 
plants in each treatment. The response variable was the proportion of live to dead 
seedling counts at each measurement point. Treatment was modelled as a fixed effect 
with an interaction of time as a continuous variable and block modelled as a random 
effect. A beta binomial error distribution was used to account for model 
overdispersion (Hinde & Demétrio, 1998).  
I then evaluated overall treatment effects by calculating species evenness at the final 
plant survival period (April 2019). To test the evenness of species survival for each 
treatment, I applied plot level calculations of Pielou’s evenness index, which is the 
Shannon diversity index divided by the log of species richness (Pielou, 1966). Plot level 
measures of evenness were than analysed using ANOVA to determine significant 
differences between treatments. 
4.4 Results 
The patch planting treatments (aggregated solo and aggregated mixed) resulted in 
overall greater final survival for four of the six species (Fig. 4, Table A3.2 model 
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output). Aggregated solo treatments were greater than dispersed mixed treatments 
for A. pulchella (36% greater, t = -2.82, P = 0.020), A. fraseriana (91% greater, t = -6.03, 
P < 0.001), B. elegans (74% greater, t = -4.26, P < 0.001) and G. tomentosum (47% 
greater, t = -5.66, P < 0.001), and greater than aggregated mixed treatments for A. 
fraseriana (79% greater, t = -5.16, P < 0.001) and G. tomentosum (51% greater, t = -
6.10, P < 0.001). Jacksonia furcellata is the only species where aggregated solo 
treatments had overall lower densities than either dispersed mixed (28% lower, t = 
3.18, P = 0.008) or aggregated mixed (26% lower, t = 2.93, P = 0.015) treatments. For R. 
inops both aggregated mixed (56% lower, t = 5.22, P < 0.001) and aggregated solo (41% 
lower, t = 4.45, P < 0.001) treatments were lower than dispersed mixed treatments. 
Final survival from aggregated mixed treatments was greater than dispersed mixed 
treatments for A. pulchella (51% greater, t = -5.05, P < 0.001) and B. elegans (64% 
greater, t = -3.40, P = 0.004).  
Overall, seedling survival relative to the amount of seed planted was highest for the 
aggregated solo treatment (Table 1, mean emergence and survival). Allocasuarina 
fraseriana, B. elegans and G. tomentosum all had highest percent success (count of live 
seedlings divided by number of seeds planted) in the aggregated solo treatment. 
Acacia pulchella was the only species to have the highest percent success in the 
aggregated mixed seeding treatment, while J. furcellata and R. inops were highest in 
the dispersed mixed seeding treatment. 
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Fig. 4. Mean count of live seedlings, total emerged in October (spring) and final survival in 
April (post-summer drought), for (a) Acacia pulchella, (b) Allocasuarina fraseriana, (c) 
Beaufortia elegans, (d) Gompholobium tomentosum, (e) Jacksonia furcellata and (f) Regelia 
inops over the seven-month sampling period. Treatments are D. mixed = dispersed mixed 
species, A. mixed = aggregated mixed species, A. solo = aggregated single species. Error bars 
are standard errors of the mean (N = 15).  
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Table 1. Mean percent emergence (October) and survival (April) of planted seeds and 
seedlings in each of the three treatment conditions. Standard errors of the mean are 
included in brackets.  
   Treatments 
Time period Species Dispersed 
mixed 
Aggregated 
mixed 
Aggregated 
solo 
Emergence All spp combined 26.9% 
(6.2%) 
23.4% 
(4.1%) 
26.6% 
(4.5%) 
 A. fraseriana 7.5%   
(1.3%) 
9.4% 
(1.0%) 
16.6% 
(3.0%) 
 A. pulchella 70.4% 
(1.5%) 
65.8% 
(2.0%) 
58.0% 
(3.8%) 
 B. elegans 7.9%   
(2.1%) 
23.0% 
(2.5%) 
28.0% 
(5.0%) 
 G. tomentosum 35.7% 
(1.2%) 
23.8% 
(1.6%) 
37.3% 
(1.6%) 
 J. furcellata 31.2% 
(1.3%) 
27.5% 
(1.5%) 
20.9% 
(3.2%) 
 R. inops 77.2% 
(1.8%) 
31.3% 
(2.8%) 
35.4% 
(5.9%) 
Survival All spp combined 19.2% 
(4.9%) 
18.2% 
(3.2%) 
21.6% 
(3.6%) 
 
A. fraseriana 0.8%   
(0.2%) 
1.9% 
(0.4%) 
9.3% 
(1.4%) 
 
A. pulchella 16.6% 
(2.5%) 
34.0% 
(3.0%) 
26.1% 
(3.4%) 
 
B. elegans 4.5%   
(1.3%) 
12.5% 
(1.7%) 
17.0% 
(2.4%) 
 
G. tomentosum 14.7% 
(1.6%) 
13.7% 
(1.3%) 
27.9% 
(1.9%) 
 
J. furcellata 24.4% 
(1.1%) 
23.6% 
(1.4%) 
17.5% 
(2.7%) 
 
R. inops 54.3% 
(2.9%) 
23.7% 
(2.3%) 
31.8% 
(5.3%) 
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Relative survival was consistently lowest in the dispersed mixed treatment across all 
species. Trends in post-emergence survival were similar for aggregated solo and 
aggregated mixed treatments for all species except A. fraseriana (Fig. 5b, Table A3.3 
model output). Allocasuarina fraseriana had major declines in survival for both 
aggregated mixed and dispersed mixed treatments relative to aggregated solo 
treatments (Z = 3.91, P < 0.001, and Z = 4.51, P < 0.001, respectively). Dispersed mixed 
treatments had significantly lower survival than either aggregated solo or aggregated 
mixed treatments for A. pulchella (aggregated solo Z = 3.54, P < 0.001 and aggregated 
mixed Z = 4.71, P < 0.001, Fig. 5a), and G. tomentosum (aggregated solo Z = 2.13, P = 
0.033 and aggregated mixed Z = 2.14, P = 0.032, Fig. 5d). These differences were most 
pronounced between November and January with rates of survival decreasing earlier 
in dispersed mixed versus either aggregated solo or aggregated mixed treatments for 
A. pulchella and G. tomentosum (Table A3.4 mortality rates by time period). Survival 
was lowest in dispersed mixed treatments for J. furcellata and R. inops, though their 
trend in survival did not significantly differ between treatments (Fig. 5e and f). Trends 
in survival did not significantly differ between treatments for B. elegans (Fig. 5c).  
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Fig. 5. Percent live seedlings of the total emerged for (a) Acacia pulchella, (b) Allocasuarina 
fraseriana, (c) Beaufortia elegans, (d) Gompholobium tomentosum, (e) Jacksonia furcellata 
and (f) Regelia inops over the seven-month sampling period. Treatments are D. mixed = 
dispersed mixed species, A. mixed = aggregated mixed species, A. solo = aggregated single 
species. Error bars are standard errors of the mean (N = 15).  
The evenness of species survival post- summer (April 2019) differed between all 
treatments (Fig. 6). Aggregated solo treatments had overall higher species evenness 
than both aggregated mixed (F = 6.52, P = 0.016) and dispersed mixed treatments (F = 
26.86, P <0.001). Aggregated mixed treatments were also higher than dispersed mixed 
treatments (F = 4.93, P = 0.035). 
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Fig. 6. Pielou’s evenness index calculated at the plot level for the final sampling period (April 
2019) and analysed by treatment. 
 
4.5 Discussion 
The proximity and identity of neighbours influenced seedling establishment outcomes 
in different ways for different species. The establishment in each species’ optimal 
treatment varied from 1.4 to 11.6 times that of its poorest treatment (mean = 3.9 
times). The single species patch context was optimal for three of the six species I 
tested, R. inops, A. fraseriana and G. tomentosum, and overall, the evenness of species 
survival in the single species patch context was greatest. Intraspecific aggregation was 
especially important for A. fraseriana where the species had 9% establishment success 
in single species patches, but 0.8% in the dispersed mixed species plots that are 
representative of current restoration practices. These results are in line with previous 
research that found species richness and evenness were greater when propagule 
material was planted in intraspecific aggregations (Porensky et al., 2012; Seahra et al., 
2016). My findings for these three species also suggest facilitation may occur among 
individuals of the same species (i.e., intraspecific congregation). 
Acacia pulchella had the greatest survival when planted in an aggregated patch, both 
with mixed and single species compositions. This finding provides evidence that the 
plant patches-bare ground configuration (aggregated plantings) is important to A. 
pulchella establishment, regardless of whether seedling interactions are intra or inter-
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specific. Despite a suggested minor role of positive interactions in coexistence theory 
(McGill 2010) facilitation among individuals of same and different species towards A. 
pulchella were observed in my study. However, A. pulchella likely outcompeted R. 
inops, A. fraseriana and G. tomentosum in the mixed patches.  
Two species, B. elegans and J. furcellata lacked significant differences between 
treatments in survival through time, which suggests competition was not a driving 
factor in seedling mortality for these species. If interspecific competition was a 
dominant filtering process, then I would have expected low survival in dispersed and 
aggregated mixed species plots relative to aggregated single species patch treatments. 
A lack of differences between treatments for these species also suggests the spatial 
configuration and identify of neighbouring plants did not contribute to differences in 
their survival. In fact, the high survival of J. furcellata indicates it may outcompete the 
species in the mixed species patches that prefer single species patches (i.e. R. inops, A. 
fraseriana, and G. tomentosum). 
Processes separate from competitive interactions might also have impacted 
differences between aggregated and dispersed plantings. These could include flows of 
air and water, both as sources of erosion and deposition, or stress. Though speculative, 
litter accumulation due to differences in overall surface roughness may be one such 
process. Rokich et al. (2002) found adding mulch on the soil surface of restoration sites 
of banksia woodlands had negative impacts on seedling survival. I observed greater 
litter capture by seedlings in the dispersed plantings than in either of the patch 
treatments, though litter was not explicitly quantified. Greater litter cover may have 
contributed to lower rates of survival in dispersed versus patched plantings for four of 
my test species (A. pulchella, G. tomentosum, J. furcellata, and R. inops). These findings 
are in line with meta-analyses that found litter has a negative effect on species in early 
establishment stages, in particular on species diversity of woody plants (Xiong & 
Nilsson, 1999).   
Seedling emergence was not consistent between either species or treatments. 
Moisture availability is a primary driver of seed germination (Walck et al., 2011) and 
soil water is thought to be the major limiting factor for seedling emergence in this 
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ecosystem (Benigno et al., 2014; Stevens et al., 2016). The distribution of near-surface 
soil moisture is impacted by soil water repellency (hydrophobicity) in banksia 
woodland systems (Rye & Smettem, 2018) and research indicates that the distribution 
of hydrophobicity is likely heterogeneous even in the restoration context (L.N. Svejcar, 
unpublished data). The number and intensity of heat waves has increased, and this 
trend is likely to continue throughout the 21st century. Often, heat waves are 
accompanied by drought conditions. It is projected that the global land area 
experiencing heat waves will double by 2020, and quadruple by 2040. Extreme heat 
events can impact a wide variety of tree functions. At the leaf level, photosynthesis is 
reduced, photooxidative stress increases, leaves abscise and the growth rate of 
remaining leaves decreases. In some species, stomatal conductance increases at high 
temperatures, which may be a mechanism for leaf cooling. At the whole plant level, 
heat stress can decrease growth and shift biomass allocation. When drought stress 
accompanies heat waves, the negative effects of heat stress are exacerbated and can 
lead to tree mortality. However, some species exhibit remarkable tolerance to thermal 
stress. Responses include changes that minimize stress on photosynthesis and 
reductions in dark respiration. Although there have been few studies to date, there is 
evidence of within-species genetic variation in thermal tolerance, which could be 
important to exploit in production forestry systems. Understanding the mechanisms of 
differing tree responses to extreme temperature events may be critically important for 
understanding how tree species will be affected by climate change (Teskey et al., 
2015). Other factors such as soil pathogens (Kinloch & Wilson, 2009) and wind which 
appeared to blow the smallest seeded species B. elegans out of some plots, may have 
also impacted seedling emergence patterns, although the extent of their contribution 
to observed patterns remains unresolved.  
The results of this study build on our understanding of intra- versus interspecific 
seedling interactions and seedling distribution patterns in a high plant diversity system 
where intraspecific aggregation is believed to be a key component in species 
coexistence (Chesson, 2000) and a necessary consideration for ecosystem restoration 
(Young, Chase, & Huddleston, 2001). Assembly theory is an emerging concept in 
restoration research that has yet to be applied broadly in restoration practice (Young, 
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Stuble, Balachowski, & Werner, 2017), but demonstrates promise for improving 
efficiency and effectiveness of restoration practice. Similarly, the functional traits of 
species likely plays a major role in the reassembly of plant communities (Pywell et al., 
2003). The species tested in this paper have a varying range of known functional traits, 
but there could be additional unknown traits that might vary according to a range of 
conditions, and contribute to the species-specific responses I found. 
A major limitation for practitioners applying these concepts in practice is a lack of 
logistical tools for implementation of spatially explicit planting (Masarei et al., 2019). A 
developing field of research in restoration science is seed enhancement technology 
wherein the conditions of seeds are ameliorated either to improve dispersal of seed or 
seedling establishment. Aggregated intraspecific seed plantings have been trialled with 
seed enhancement technologies at small (1–3 cm; Brown et al., 2019; Madsen, Davies, 
Boyd, Kerby, & Svejcar, 2016) and medium (~10 cm; Stock, 2019) scales. Adaptation of 
seed enhancement technologies and seed dispersal tools, such as precision sowing 
equipment for species that exhibit greater establishment success in intraspecific 
patches, such as A. fraseriana, B. elegans and G. tomentosum, may improve plant 
diversity restoration within banksia woodlands. Indeed, even though two species did 
not have optimal establishment in patches, results from this study indicate potential 
overall benefits of patch-based seeding to plant diversity in the restoration of high 
biodiversity systems such as banksia woodlands and suggest a need for further 
research on the use of patch based seeding for restoration application. 
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Thesis overview
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Density-dependent impacts of a fire ephemeral grass on 
perennial seedling establishment in post-mine restoration 
 
5.1 Summary 
Successful restoration of degraded lands globally is plagued by low rates of seedling 
establishment particularly in regions with high abiotic stress.  A possible tool to 
overcome high rates of seedling mortality in the restoration of these lands is the use of 
plant-plant facilitation. Facilitation of late successional species by shrub species has 
been successfully utilized to improve restoration outcomes in the Mediterranean 
Basin. However, the concept has not been broadly tested in other Mediterranean 
Climate Ecosystems (MCEs) where restoration is urgently needed due to coincident 
diversity and widespread degradation. Similarly, shrub species have been tested as 
nurse plants with less attention given to other lifeforms such as grasses. Indeed, 
grasses are usually viewed as competitors. I tested the potential facilitative capacity of 
a dominant fire ephemeral grass species (Austrostipa compressa) in a post-mine 
restoration site in an Australian MCE. Here, A. compressa senesces one year after post-
disturbance recruitment. I planted five densities of A. compressa that represent its 
density range found in the reference ecosystem following disturbance (fire) and had 
control plots with no A. compressa (0-600 plants m-2). In the same plots, density of 
native and exotic species that emerged from the soil seedbank were recorded for two 
years (spring and autumn of both years) to determine seedling mortality and 
establishment. To understand processes by which facilitation could occur, attributes 
frequently related to establishment such as measurements of soil bulk density, 
penetration resistance, organic matter content, nutrient content, gravimetric water 
content and soil microbial presence were made at the end of the study. I then 
quantified the effect of A. compressa density, density of exotic species and soil 
variables on native plant density. Austrostipa compressa density was significant for 
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measurements of seedling mortality in the first year (P = 0.002) indicating a 
competitive effect. No evidence was found for a facilitative effect at any A. compressa 
density. Similarly, A. compressa had minimal impact on the soil physical or chemical 
variables and soil microbial diversity and richness. However, I did find a density 
dependent threshold for native perennial seedlings at the two highest A. compressa 
densities and exotic species at the three highest densities where mortality was greater 
than any other treatment, which indicates an optimal planting density for A. 
compressa (310 plants m-2) in restoration where A. compressa is in competition with 
exotic species but not native perennial species, which together may have contributed 
to higher seedling establishment at this density of grass.  
5.2 Introduction 
Early successional species that establish rapidly, grow quickly and occur at high 
densities, can play a critical role in community assembly, influencing the trajectory of 
ecological restoration if they help or hinder the establishment of later arrivals. Theory 
suggests this role could be especially significant in stressful environments (Maestre, 
Callaway, Valladares, & Lortie, 2009), such as restoration sites that often have 
significantly altered abiotic and biotic stress. Research demonstrates a positive role of 
early colonisers in stabilising soils and promoting establishment of later successional 
species (Bazzaz, 1968; Bazzaz & Bazzaz, 1996; Hanan et al., 2016; Walker & del Moral, 
2009) including studies in the restoration context (Padilla & Pugnaire, 2006). For 
example, in areas with high irradiance and temperature, nurse plants may improve the 
water and temperature balance for seedlings, which leads to higher rates of survival 
(Gómez-Aparicio et al., 2004; Maestre, Bautista, Cortina, & Bellot, 2001). However, 
more research is needed to understand the direction and magnitude of plant-plant 
interactions at scales that are relevant to management (Cortina et al., 2011).  
Plant facilitation occurs when a plant species has the capacity to improve 
establishment success of other plants and may promote species diversity through the 
amelioration of stressful abiotic and biotic conditions (Brooker et al., 2008). The Stress 
Gradient Hypothesis (SGH) posits that plant-plant interactions vary along an abiotic 
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stress gradient wherein facilitation increases in importance relative to competition 
with increasing abiotic stress (Bertness & Callaway, 1994). Interaction strength likely 
depends on the competitive and stress tolerance capacities of both the benefactor and 
beneficiary species (Maestre et al., 2009; Michalet, Schöb, Lortie, Brooker, & Callaway, 
2014). The majority of experimental studies testing the SGH have focused on pair-wise 
interactions between a limited number of species along an environmental gradient 
(Maestre et al., 2009). However, observational studies suggest interactions are likely to 
be diffuse and involve multiple species at the community scale (Chacón-Labella et al., 
2017; Miller et al., 2010; Perry et al., 2017; Wiegand, Gunatilleke, Gunatilleke, & Huth, 
2007), but have not been extensively studied in manipulative field experiments to 
determine strength and direction of interactions (but see Wilson & Keddy, 1986).   
The textbook model of succession suggests a large potential role for earlier 
successional species in facilitating, rather than competing with later arrivals (Krebs, 
2008). Early successional grasses, such as ephemeral grass species that senesce quickly 
may have short-term negative effects, such as competition for soil water and nutrients, 
but long-term positive effects on other species, such as returning soil nutrients to the 
ecosystem following senescence. Fire ephemeral species are short-lived plants whose 
germination is stimulated by fire (Pate, Casson, Rullo, & Kuo, 1985), but may also be 
driven by other forms of disturbance such as that which characterises restoration 
efforts. These species are often annuals or short-lived perennials (<4 years) that have 
fast growth rates and typically senesce well before the next disturbance event (Atwell, 
Kriedemann, & Turnbull, 1999). Following fire these species are known to capture 
released nutrients, stopping them from leaching or eroding from the system (Atwell et 
al., 1999), as well as providing rapid cover that may generally stabilise the system 
through increased shoot development (via decreased wind erosion and surface soil 
temperatures) and root development (via increased soil stabilisation and water holding 
capacity). Additionally, these ephemeral species may promote regeneration of soil 
microbial communities that suffer severe declines following soil disturbance (Wardle et 
al., 2004). Taken together, these studies suggest possible mechanisms for ephemeral 
species facilitating the establishment of later arrivals.     
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In Mediterranean Climate Ecosystems (MCEs), summer drought, coupled with high 
temperatures and solar radiation, are major stress factors that limit survival of many 
species (Larcher, 2000), particularly at the seedling stage (Stevens et al., 2016). As 
such, theory suggests the potential for facilitation to be more dominant than 
competition in MCEs. This study aims to test a native fire ephemeral annual grass 
species, Austrostipa compressa (R.Br.), in the southwestern Australian MCE. 
Austrostipa compressa can have extensive growth following disturbances such as fire 
(Miller & Dixon, 2014). Research on this species has predominantly focused on seed 
germination characteristics (Smith, Bell, & Loneragan, 1999). However, other fire 
ephemeral species in the system are known to develop large amounts of root biomass 
quickly, take up nutrients and subsequently return the nutrients to the soil system 
(Pate et al., 1985). Similarly, studies from other ecosystems demonstrate a role for 
early successional grass species impacting soil microbial community composition with 
soil legacy effects for secondary successional species (Kardol, Cornips, van Kempen, 
Bakx-Schotman, & van der Putten, 2007). As such, I hypothesise that in the first year 
following disturbance A. compressa will both compete with other species for soil water 
and nutrient resources while it grows, and facilitate other species through a shading 
effect. In the second year, I hypothesize A. compressa will facilitate seedling growth 
after it senesces, returning nutrients and carbon to the soil and stimulating microbial 
activity (Fig. 1). I assess the impacts of A. compressa presence on native species in a 
manipulative experiment. I use a range of increasing densities of A. compressa in a 
topsoil transfer, post-mine restoration site and ask: Does A. compressa facilitate the 
survival and establishment of native perennial shrubs and herbs through alterations in 
soil conditions?  
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Fig. 1. Five ecologically significant time periods exist in banksia woodland restoration: first emergence (emergence prior to first summer), first 
bottleneck (mortality over first summer), second emergence (emergence of seedlings that did not germinate in the first year and prior to second 
summer), second bottleneck (mortality over second summer), and seedling establishment (survival after the second summer). I expect that 
moderate densities of A. compressa will provide a positive effect on perennial seedlings by providing shade, while no A. compressa may result in 
high abiotic stress conditions (a) and high densities of A. compressa may create high levels of competition (b). After A. compressa plants senesce, 
leaving both root and shoot biomass in the soil, I predict the inverse effect will occur following the second bottleneck (second summer drought 
period) with survival and growth of perennial seedlings in high density plots increasing relative to medium and low density plots (c) possibly due to 
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improvements in soil attributes including increases in diversity of soil fungal communities, nutrients, organic matter content and water holding 
capacity, and decreases in bulk density and soil penetration resistance (d). The blue dots indicate soil water holding capacity (larger dots equal 
higher soil moisture content), purple triangles represent soil fungi (different shades of purple represent different Operational Taxonomic Units and 
larger triangles equal greater density of soil fungi), and arrows infer solar intensity (small yellow arrows are low intensity, large yellow arrows are 
high intensity). 
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5.3 Methods 
Study area 
Banksia woodlands are one of the dominant vegetation communities of the Swan 
Coastal Plain (SCP), which occurs along the coast of southwest Western Australia 
(Beard, 1989). The SCP is part of the Southwest Australian Floristic Region biodiversity 
hotspot (Hopper & Gioia, 2004). Banksia woodlands are comprised of over 600 native 
plant species (Stevens et al., 2016) with 171 species recorded from the study area (J. 
Stevens, unpublished data). The regional climate is Mediterranean type with mild, 
rainy winters and hot, dry summers (Cowling et al., 1996). Temperature and 
precipitation patterns for the study period were generally consistent with historic 
trends (Bureau of Meteorology, 2019; Fig. 2). Maximum summer temperatures were 
40°C and 44.4°C in January 2017 and 2018, respectively and the monthly mean 
temperature over the study period (August 2017 to May 2019; Fig. 2) was 26.1°C 
(Bureau of Meteorology, 2019). Approximately 85% of annual precipitation in the 
region occurs in winter (long-term 50 year average for April – September = 556 mm; 
Bureau of Meteorology, 2019). Winter precipitation in the first year was below and in 
the second year above the long-term 50-year average (2017 = 468 mm, 2018 = 561 
mm). Summer precipitation events, as occurred in December 2017 and January 2018 
(106 mm total for the two months), are rare, but do occur occasionally (Cowling et al., 
2005).  
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Fig. 2. Temperature and precipitation for the duration of the study period were obtained 
from the Bureau of Meteorology. The orange dashed line is monthly maximum temperature 
in °C (y-axis to the right) and the blue bars are total monthly precipitation in mm (y-axis to 
the left). Year 1 is the first and Year 2 is the second year following restoration efforts.  
The study site was post-mine restored banksia woodland adjacent to an active sand 
quarry mine (Hanson Construction Materials) and remnant banksia woodlands. The 
site is within the Bassendean dune complex characterized by coarse to medium grain 
siliceous sands with low water retention (Salama et al., 2005) and is located on the 
Gnangara Mound 30 km north of Perth (31.77° S, 115.86° E). The site was mined for 
sand to within 3–5 m of the water table prior to its restoration (Ritchie, Nevill, Sinclair, 
& Krauss, 2017). After sand mining, the site was ripped to 100 cm and prepared with 
5–10 cm of topsoil laid over 50–100 cm of white sand as per standard site restoration 
practices (Stevens et al., 2016). Topsoil was sourced from adjacent areas recently 
cleared of banksia woodland in preparation for mining. Topsoil contains a high 
diversity of soil-stored seed and propagule material from native species, including A. 
compressa, but serotinous species do not frequently have propagule material present 
in topsoils (Rokich et al., 2000). Thus, serotinous species and species with seed 
dormancy limitations are seeded into restored areas (Stevens et al. 2016). The study 
area was fenced (60 m × 40 m) to limit herbivory and trampling by large animals such 
as emus (Dromaius novaehollandiae) and kangaroos (Macropus fuliginosus).   
Study design 
The range of densities at which A. compressa occurs in post-fire and post-disturbance 
banksia woodlands was determined from banksia woodland post-fire monitoring data 
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(J. Fontaine, unpublished data) and six densities representing the full range were 
selected (0, 20, 165, 310, 455 and 600 A. compressa individuals m-2; Fig. 3). In autumn 
2017 (April) I installed 78, 2 m × 2 m plots at the study site and planted A. compressa in 
a randomised complete block design with 13 replicate blocks of density treatments 
(i.e., 6 density treatments x 13 replicates = 78 total plots). Austrostipa compressa seeds 
were sourced from the mine area and treated with smoke water to break dormancy 
(Smith et al., 1999). Austrostipa compressa plants were destructively harvested in 
three randomly selected replicate blocks prior to senescence in December 2017 for 
biomass measurements (13 total blocks - 3 destructively harvested blocks = 10 
replicate blocks × 6 densities = 60 plots for analysis). Austrostipa compressa had 
senesced by spring 2018 when there were less than 2 individuals m-2 in any plot. 
 
Fig. 3. Photos from the first year, spring 2017, of (a) a low density Austrostipa compressa plot 
and (b) a high density A. compressa plot.  
 
Data collection 
The study ran over two complete growing seasons and during this period I quantified a 
range of soil physical, chemical and biotic characteristics to assess evidence for 
different candidate mechanisms of facilitation (see Fig. 4 for a diagrammatic 
explanation of measurement timing and frequency). Plant monitoring occurred in the 
first winter (2017) to determine timing of plant emergence. Austrostipa compressa was 
one of the first species to emerge. Plant measurements (count per species within each 
plot) were conducted biannually (spring 2017, autumn 2018, spring 2018, and autumn 
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2019) for all native and exotic perennial species emerging within plots. Native 
perennials included a range of shrub, graminoid and geophyte species. Exotic perennial 
species included graminoid and herbaceous species and counts of annual exotic 
species were made in each plot in spring 2017 and spring 2018. 
Ten soil pits were excavated across the site in April 2017 outside of plot areas (1.5 m 
from plots) for baseline soil measures of bulk density (BD), gravimetric water content 
(GWC) and organic matter content (OM) at depths of 10, 30 and 50 cm. An additional 
surface soil sample (0-5 cm) was taken for organic matter. Sampling was conducted 
following the first seasonal rain event to ensure effective sampling of the sandy soils. 
At the conclusion of the study, in May 2019 (autumn), the same soil BD, GWC and OM 
sampling was conducted within each of the 60 plots for post-treatment 
measurements, and five replicate soil penetration measurements were made for each 
plot (penetrologger 06.15.SA, Eijkelkamp Soil & Water). OM content was determined 
through a loss on ignition process wherein air-dried samples at ~ 35 g were oven dried 
at 105°C for 24 h to remove any residual moisture, weighed and then put in a furnace 
(Studio Pro 14 STP, Evenheat Kiln inc.) at 500°C for 6 h and reweighed to determine 
mass change attributed to combusted organic material. BD samples were collected 
with a 285 cm3 core following standard core sampling protocols (Lal & Shukla, 2004), 
and field samples were placed in sealed containers to avoid water loss and weighed 
pre and post drying in a soil oven at 105°C for 48 h. Bulk density was calculated as the 
mass of oven dried weight divided by the volume of the soil core (g cm-3) and 
measurements classified as optimal (<1.6 g cm-3), sub-optimal (1.6-1.8 g cm-3) and 
restrictive (>1.8 g cm-3) for root growth following findings from both local (Benigno et 
al., 2013; Rokich et al., 2001) and international research (Nawaz, Bourrié, & Trolard, 
2013). Gravimetric water content (GWC) was calculated by dividing the pre-drying 
weight (field condition) by the oven dried weight (g g-1).  
Soil moisture at 10 cm was also measured across the site (every plot) once in every 
season at dawn using a portable probe (TDR300, FieldScout). These measures were 
used to determine when the summer drought took effect on soil water availability: soil 
moisture was on average below 1% volumetric water content at this depth by October 
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of both years and 0% by January of both years. Soil nutrients were measured with 
PRSTM Probes (ion-exchange membranes, Western Ag Innovations Inc., Saskatoon, 
Canada), which were installed at the beginning of winter 2018 when the average soil 
temperature at 10 cm was 16°C (Murdoch University weather station, 2018) and 
average monthly precipitation is 108 mm (Bureau of Meteorology, 2019), providing 
optimal conditions for nutrient adsorption as specified by the manufacturer. Probes 
were removed in spring 2018 and sent to Western Ag Innovations Inc. for processing.  
Soil fungal community sampling occurred in both the first and second year. Sampling in 
the first year occurred in February 2018 (summer) directly under A. compressa, 
Hibbertia subvaginata (a common native perennial shrub) and bare soil at a depth of 0 
– 10 cm (N = 5) before A. compressa plants senesced. I collected soil under H. 
subvaginata for comparison because it is a dominant species in restoration. Then, at 
the end of the second year, May 2019, following the onset of rains, soil samples were 
collected for soil fungal community analysis from all 60 plots: ten subsamples at a 
depth of 0 – 10 cm were collected across each plot and bulked to represent the likely 
fine-scale heterogeneity across the 2 m × 2 m plots (following Birnbaum et al., 2017). 
Samples were stored at -20°C pending preparation for molecular analysis.   
Soil fungal data were processed at Edith Cowan University by colleagues (A. Brace, A. 
Hopkins) following processing techniques by Dundas et al. (2018). The general steps 
taken to analyse and clean the data are as follows. Each soil sample was thoroughly 
mixed and total DNA was extracted from a representative 0.05 g subsample using the 
DNeasy PowerLyzer PowerSoil Kit (Qiagen, Valencia, CA) following the manufacturer’s 
protocols. Controls for the extraction were taken to determine the purity of reagents 
used and check for any processing contamination (Dundas et al. 2018). Fungal-specific 
primers were used to amplify the ITS2 (Ihrmark et al., 2012) region of the ribosome 
encoding genes. AmpliTaq Gold™ DNA Polymerase with Gold Buffer and MgCl2 (Life 
Technologies Australia, ThermoFisher Scientific, Melbourne Australia) was used for 
amplification following protocols by the manufacturer and Ihrmark et al. (2012) with 
35 amplification cycles and an annealing temperature of 57 °C. Amplified samples were 
then pooled in equimolar samples and subjected to sequencing at an Illumina MiSeq at 
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Curtin University. Returned data were manually cleaned with all sequences trimmed to 
300 bp length, primers removed and clusters determined based on 98% similarity for 
fungi. Operational taxonomic units (OTU) were represented by the most abundant 
genotype in each cluster. Global singletons and doubletons were removed from 
matrices and relative abundance of each OTU was calculated within each sample.  
 
Fig. 4. Sampling design for the experiment including timing of plant and soil variable 
measurements (denoted by an x).  
Statistical analysis 
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The primary aim of this study was to test the impact of varying A. compressa densities 
on perennial seedling survival and establishment. I hypothesized varying effects of A. 
compressa on neighbouring species according to density and time (Fig 1). As such, I 
analysed perennial seedling data (density of all native perennial species combined in 
each 2 x 2 m plot) for five ecologically-significant time periods (Fig. 1; Fig. 4), 
corresponding to:  
1. First emergence: perennial seedling emergence in the first spring (spring 2017 
native perennial seedling density) 
2. First bottleneck: perennial seedling mortality over the first summer (the 
difference between spring 2017 and autumn 2018 native perennial seedling 
density) 
3. Second emergence: perennial seedling emergence in the second spring (the 
difference between spring 2018 and autumn 2018 native perennial seedling 
density) 
4. Second bottleneck: perennial seedling mortality over the second summer (the 
difference between spring 2018 and autumn 2019 native perennial seedling 
density) 
5. Seedling establishment: perennial seedling survival (final autumn 2019 native 
perennial seedling density)  
Plant counts per plot for each of the ecologically significant time periods (above) were 
used as a response variable in generalized linear models. Counts of A. compressa were 
modelled as a fixed effect to determine if A. compressa had a positive or negative 
effect on native perennial seedlings. Austrostipa compressa counts were modelled as a 
continuous variable.  
Austrostipa compressa was hypothesized to promote native perennial seedling survival 
through the amelioration of soil conditions following senescence. To test whether A. 
compressa density had a significant effect on soil variables I applied linear regression 
to data for each soil characteristic. I analysed the following soil characteristics as 
response variables to test whether senesced A. compressa plants altered soil 
characteristics that may have improved conditions for native perennial seedlings: OM 
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(0, 10, 30, and 50 cm), BD (10, 30 and 50 cm), GWC (0, 10, 30, and 50 cm), soil 
penetration resistance (10 cm, 30 cm and maximum depth), and soil macro nutrients 
(Total N, P, K). Soil OM, BD, GWC and penetrometer measurements were taken in May 
2019 while soil macro nutrients were sampled over winter 2018.  
Differences among soil fungal community composition below A. compressa, H. 
subvaginata and bare soil (summer 2018) and along the A. compressa density gradient 
(autumn 2019) were assessed using non-metric dimensional scaling (NMDS) utilizing a 
Bray-Curtis dissimilarity index on relative abundance data from the OTU matrix. Soil 
variables were measured in autumn 2019 and used as environmental covariates: 
surface soil measures (0–5 cm depth) for organic matter and gravimetric water 
content. Fungi richness was calculated as the total number of OTUs per sample and 
differences between treatments were analysed with linear regression. Data were 
unbalanced for summer 2018 measurements (A. compressa N = 5, bare soil N = 5, H. 
subvaginata N = 4), thus an ANOVA was run on the data and a Tukey–post-hoc 
adjustment was applied in comparisons of fungi richness means, which provides a 
conservative estimate of P-values (Hayter, 1984). To quantify differences in fungal 
community composition and to support NMDS analyses, I used permutational 
multivariate analysis of variance (Anderson, 2001) with 9999 permutations utilizing the 
adonis function (Oksanen et al., 2017), which allowed me to test differences among 
summer 2018 measurements (A. compressa, H. subvaginata and bare soil) and along 
the autumn 2019 A. compressa density treatment gradient. Summer 2018 
measurements were analysed as factors and autumn 2019 measurements were 
analysed as a continuous variable. To compare differences between summer 2018 
measurements, a wrapper function for testing multilevel pairwise comparisons with 
adonis was used (pairwiseAdonis; Martinez Arbizu, 2019). 
Density dependent effects of A. compressa may have also influenced the presence of 
exotic species. To test whether A. compressa exhibited a facilitative or competitive 
effect on exotic species, I used a generalized linear model. I modelled exotic species 
count per plot as a response variable for the spring 2017 and spring 2018 time periods 
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and A. compressa count as a fixed effect. Similar to the analyses for native perennial 
plant counts, A. compressa counts were analysed as a continuous variable. 
Exotic species may have also contributed to patterns of native perennial plant survival.  
I analysed the impact of exotic species on native perennial seedlings for the five 
ecologically significant time periods using a generalized linear model. Density of native 
perennial seedlings for each of the ecologically significant time periods were used as 
response variables. The majority of exotic invasive species were annuals, so spring 
2017 and spring 2018 exotic species counts were used as fixed effects, respectively, for 
first year (first emergence and first bottleneck) and second year (second emergence, 
second bottleneck and seedling establishment) response variables. Exotic species 
counts were modelled as a continuous variable.   
All generalized linear models were tested for best fit using the Akaike information 
criterion (AIC; (Akaike, 1974)), and were initially run using a Poisson distribution, but 
suffered from overdispersion. Given all initial Poisson models were overdispersed, a 
negative binomial model with variance increasing quadratically with the mean was 
used to account for model overdispersion (Hardin & Hilbe, 2007). All analyses were 
reported at a 0.95 confidence level. All data were analysed in R (version 3.4.3, R 
Foundation, Vienna, Austria). The glmmTMB (v 0.2.3; Brooks et al., 2017), lme4 (v 1.1-
21; Bates, Mächler, Bolker, & Walker, 2015), vegan (v 2.4-2; Oksanen et al., 2017), 
pairwiseAdonis (v. 3; Martinez Arbizu, 2019) and ggplot (v 3.2.1; Wickham, 2009) 
packages were used for analysis and graphical display.   
5.4 Results 
Overall, the density of live native perennial seedlings decreased from the first 
emergence period, 68 seedlings m-2 across treatments, to the final measurement, 45 
seedlings m-2 across treatments by the end of the experiment (34% mortality). Native 
perennial seedling mortality was higher on average for the second summer than the 
first summer period (28 versus 24 dead seedlings m-2 across treatments, respectively, 
Fig. 5b and d). When examining density treatment impacts, the density of native 
perennial plants was not impacted by increasing A. compressa density in the first 
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emergence period (Fig. 5a, Table. S4.1 model outputs). However, density of dead 
native perennial seedlings in the first bottleneck period (Fig. 5b) was significantly 
impacted by A. compressa density treatments (Z = 3.781, P < 0.001) with average 
mortality being 2-fold greater in the two highest densities, 455 and 600 A. compressa 
individuals m-2, than any other density treatment. Following the first summer 
bottleneck, emergence of new individuals in the second emergence period (difference 
between spring 2018 and autumn 2018 native perennial seedling densities, Fig. 5c) 
differed significantly (Z = 2.940, P = 0.003) with newly emergent seedlings having 
higher densities in 455 and 600 A. compressa individuals m-2 treatments than any 
other density treatment (1.3 fold higher). Densities of dead native perennial seedlings 
did not differ significantly between treatments in the second summer bottleneck (Fig. 
5d), but final live native perennial seedling counts in the seedling establishment period 
did (Fig. 5e, Z = -2.250, P = 0.024) with low and medium treatment densities (0, 20, 
165, 310 A. compressa m-2) having 1.4 fold greater native perennial seedling densities 
than the 455 and 600 A. compressa individuals m-2 treatments.  
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Fig. 5. Density of live and dead perennial plants in (a) first emergence (spring 2017), (b) 
mortality following the first bottleneck to establishment (the difference between spring 
2017 and autumn 2018 native perennial seedling density), (c) second emergence (the 
difference between spring 2018 and autumn 2018 native perennial seedling density), (d) 
mortality following the second bottleneck to establishment (the difference between spring 
2018 and autumn 2019 native perennial seedling density), and (e) seedling establishment (all 
seedlings that survived by autumn 2019). 
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Austrostipa compressa did not alter most of the measured soil variables (Table A4.2 
model outputs). Penetration resistance at 10 cm depth was the only soil variable with 
a significant difference between treatments (F = 2.087, P = 0.041, Fig. 6a). However, 
this trend appeared to be driven by one outlier and when the outlier was removed, the 
evidence of differences changed from moderate to weak (F = 1.868, P = 0.067). Soil BD 
did not have detectable differences between treatments at any depth. However, BD 
did differ between depths with 10 cm having optimal conditions for root growth (< 1.6 
g cm-3) and 30 and 50 cm having suboptimal conditions for root growth (> 1.6 g cm-3, 
Fig. A4.1). Similar to BD, soil penetration resistance was optimal at 10 cm (< 2 MPa), 
but became suboptimal below 30 cm (> 2 MPa, Fig. 6). OM was variable in the top 
surface soil depths (0 and 10 cm), but became consistently low for all treatments at 
greater depths (30 and 50 cm, Fig. A4.3). Similar to OM and BD analysis, nutrient 
content did not change significantly between treatments though the average 
phosphorous content was higher for the 0 A. compressa individuals m-2 treatment than 
any other treatment and average nitrogen was highest for the 165 A. compressa 
individuals m-2 treatment (Fig. A4.2). Gravimetric water content was generally highest 
across depths (Fig. A4.4), but the differences were not significant. 
 
Fig. 6. Soil penetration resistance at 10 cm, 30 cm and maximum depths measured at the end 
of the study period following final plant measurements (May 2019).   
 
The soil fungi data for the first year (summer 2018: A. compressa, H. subvaginata and 
bare soil) and second year (autumn 2019: A. compress density treatment) resulted in 
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matrices that each had 1156 OTUs. After removing singletons and doubletons, 202 
OTUs remained for the summer 2018 matrix and 469 OTUs remained for the A. 
compress density dataset. The NMDS appeared to differ among summer 2018 
measurements (stress = 0.12, R2 = 0.94), but the Adonis analysis did not reveal 
significant differences (Fig. 7a; H. subvaginata vs bare soil F = 1.446, P = 0.138, H. 
subvaginata vs A. compressa F = 1.074, P = 0.327, A. compressa vs bare soil F = 1.186, P 
= 0.250). Neither the NMDS (stress = 0.23, R2 = 0.77, OM correlation coefficient = 0.49, 
GWC correlation coefficient = 0.17) nor the Adonis analysis revealed significant 
differences among autumn 2019 measurements (Fig. 7c; F = 1.060, P = 0.351). 
Similarly, no significant differences in richness were found among summer 2018 (Fig. 
7b; H. subvaginata vs bare soil P = 0.349, H. subvaginata vs A. compressa P = 0.294, A. 
compressa vs bare soil P = 0.990) or autumn 2019 (Fig. 7d; Estimate = 0.0085, SE = 
0.0048, F = 1.755, P = 0.086) measurements (Table A4.3 summary statistics). 
 
Fig. 7. Non-metric multidimensional scaling (NMDS) results for fungi sampled (a) in summer 
2018 for Austrostipa compressa, bare ground, Hibbertia subvaginata and (c) in autumn 2019 
across the A. compressa density treatment gradient. Organic matter (OM) and gravimetric 
water content (GWC) at the soil surface (0-5 cm depth) were used as environmental 
correlates. 
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Exotic species were impacted by the A. compressa density treatments and in turn, 
impacted native perennial plant densities (Table A4.4 model outputs). Austrostipa 
compressa density treatment negatively impacted exotic species density in spring 2017 
(Fig. 8a) when A. compressa plants were still alive (Z = -3.550, P < 0.001). However, in 
spring 2018, no significant treatment differences existed for exotic species density (Fig. 
8b). Similarly, exotic species densities influenced native perennial seedling densities in 
the spring 2017 emergence period (Z = -2.590, P = 0.010, Fig. 8c). 
 
Fig. 8. Density of annual and perennial exotic species in (a) spring 2017 and (b) spring 2018, 
and the density of perennial native species relative to the density of all exotic species in (c) 
spring 2017 and (d) spring 2018. 
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5.5 Discussion 
I found minimal evidence for facilitative effects of a native fire-ephemeral grass on 
seedling establishment of native perennial plants in an Australian MCE, but a density 
dependent effect was observed. Austrostipa compressa demonstrated strong 
competitive effects over the first summer and in final survival measurements in high 
density plots. I found evidence that a possible positive impact of senesced A. 
compressa on the emergence of new seedlings in the second emergence period 
existed, though it is not clear by what dominant mechanism. However, my hypothesis 
that senesced A. compressa would have a positive impact on native perennial seedling 
survival over the second summer was not supported. The lack of treatment difference 
in mortality over the second summer of growth indicates the competitive effect of A. 
compressa in the first year was strong enough that the treatment differences 
remained apparent in the final survival measurements. Though I did not find a strong 
facilitative effect, I did observe an indirect facilitative effect between 310 and 455 
A.compressa individuals m-2 where weeds that would usually compete with native 
perennial seedlings were suppressed by competition with grass, which may have 
contributed to native seedling establishment. 
Competition of A. compressa on native perennial species was apparent in high density 
treatments, and there was a competition threshold whereby competitive effects were 
more apparent above 455 A. compressa individuals m-2 compared with lower densities 
of the grass. Austrostipa compressa demonstrated a similar competitive effect on 
exotic species at densities of 310 A. compressa individuals m-2 and greater, which 
suggests native perennial species may have a greater tolerance of competition from A. 
compressa than exotic species. This indicates a potential goldilocks effect at 310 A. 
compressa individuals m-2 where native perennial seedlings are not inhibited but exotic 
species are inhibited by the competitive effects of A. compressa. This goldilocks effect 
is important and has direct relevance to restoration and land management efforts 
because exotic species can negatively affect native biological diversity in restoration 
efforts (Vitousek, D’Antonio, Loope, Rejmánek, & Westbrooks, 1997). Utilizing a native 
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species to suppress exotic species could provide a cost efficient and non-chemical 
means to achieve restoration. 
Extreme environmental disturbances, such as sand mining, may create harsh abiotic 
conditions characteristic of primary succession (Bradshaw, 1997). Early colonizing 
species in these environments have been found to improve establishment success of 
later successional species through the amelioration of these conditions (Cavieres, 
Peñaloza, Papic, & Tambutti, 1998; Maestre, Cortina, Bautista, Bellot, & Vallejo, 2003). 
My study was conducted in a post-mine restoration area that is considered to have 
harsh environmental conditions, including highly altered soil properties and increased 
exposure to solar radiation and wind. I hypothesized A. compressa would demonstrate 
a competitive effect on later-establishing native perennial seedlings during growth, but 
would have a net positive impact on native perennial seedling survival in the year 
following its senescence due to alterations in soil properties. However, I found a net 
negative impact of this early colonizing species at high densities and did not find 
evidence that the species altered soil conditions significantly.  
Soil fungal communities change over short (seasonal) and long (years) time scales as a 
result of gradual and abrupt fluctuations in both temperature and moisture (Hopkins 
et al., 2018). I sampled soil fungal communities in two time periods: hot and dry (first 
summer) following senescence of A. compressa, and cool and wet (second autumn) at 
the conclusion of the study, which may have impacted presence of certain OTUs. 
Similarly, recovery of soil microbial communities following disturbance may take 
longer than 5 years (e.g. Birnbaum et al., 2018). Hence, the possible impacts of A. 
compressa treatments on soil microbial communities could take longer than the two 
years in which my study was conducted if they occur at all.   
In banksia woodlands it is understood that soil compaction with interacting effects of 
summer drought conditions are critical to the survival of plants in restoration (Benigno 
et al., 2013; Rokich et al., 2001). Austrostipa compressa did not change soil bulk 
density, organic matter content or penetration resistance in deep soil layers as 
hypothesised. For example, at depths below 30 cm, soils in all A. compressa density 
treatments demonstrated signs of compaction (bulk density > 1.6 g cm-3, penetration 
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resistance > 2 MPa), which may be restrictive for the root growth of some species 
(Rokich et al., 2001). This compaction coupled with consistent dry hot summers is an 
issue for ongoing plant survival. To improve seedling survival in this ecosystem, we 
need to understand the processes driving soil compaction (Rokich, 2016) and then 
determine if any plant species has the capacity to alter this process to the benefit of 
other plants. 
The restoration of highly altered systems, such as post-mining environments, is a 
challenge globally (Suding, 2011; Wortley, Hero, & Howes, 2013). In addition to highly 
altered abiotic conditions, the biotic impacts of exotic invasive species can exacerbate 
challenges to native species reestablishment (D’Antonio & Meyerson, 2002). Though A. 
compress exhibited a competitive effect on all other species at high densities, I found 
an optimal density (310 plants m-2) wherein competitive suppression of exotics and 
uninhibited growth of natives may be achieved. Exotic species invasions occur in many 
ecosystems worldwide with concomitant negative impacts on native ecosystem 
structure and function (Corbin & D’Antonio, 2004). These species are likely a key cause 
of both incipient and actual extinctions (Gurevitch & Padilla, 2004), so the utilization of 
a native species to control their proliferation may provide land managers with a unique 
tool in restoration. 
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General Discussion 
 
The aim of this thesis was to build understanding of how plant species interactions 
drive plant community re-assembly of banksia woodlands. I strove to identify species 
interactions within restored sites and test the impacts of species spatial arrangement 
on seedling persistence. My thesis tests theoretical concepts in the restoration context 
and seeks to improve our understanding of plant community development for 
application in restoration practices. All ecological processes, such as plant-plant 
interactions, have spatial components and these processes are the mechanisms by 
which plant communities establish. In this thesis I used a range of statistical and 
experimental approaches to attempt to understand the importance and action of 
these processes in restoration. My thesis research utilized field-based observational 
and experimental studies to quantify ecological processes with a focus on plant-plant 
interactions. The first two chapters utilized spatial point pattern analysis of measurable 
variables (above ground plant location and size) and a priori knowledge of the 
ecosystem to infer plant-plant interactions. The second two chapters explicitly test 
specific patterns of plants and build on existing ecosystem knowledge. In this final 
chapter, I discuss the main theoretical outcomes of the thesis, how these concepts 
may be applied in a land management context and future directions for research. 
6.1 Overview of major findings 
Chapter 2: In Chapter 2 I used spatial point pattern analysis to determine differences in 
the spatial arrangement of species across a restoration chronosequence. I found 
evidence that both competition and facilitation between species occurs, but no single 
species demonstrated competitive dominance through time. Evidence of interactions, 
either positive or negative, was most pronounced in the youngest and oldest sites — 1, 
2 and 11 years following initial restoration efforts. Many species exhibited both 
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positive and negative interactions through time, which could mean the direction of 
interactions for some species changes as a result of different growth stages and/or 
environmental conditions. Spatially, interactions were most pronounced at the finest 
scales but also occurred out to the longest distances analysed (~2m). I also found that 
one shrub species, Kunzea glabrescens, demonstrated consistent positive interactions 
with other species. These results indicate a potential nurse plant role for K. 
glabrescens, and potential function in structuring community establishment. However, 
explicit testing of possible mechanisms contributing to an effect is needed (e.g. does 
the species ameliorate abiotic conditions, and if so, how?). Similarly, this study is 
limited in that it is a point-in-time measure of above-ground plant locations thereby 
not measuring the same plants through time. Future studies following the spatial 
arrangement of individuals through time (e.g. Raventos et al., 2010) are needed for a 
deeper understanding of the spatiotemporal nature of plant-plant interactions in this 
system. The following chapter followed this approach for a subset of the period of the 
Chapter 2 chronosequence. 
Chapter 3: Chapter 3 was a direct test of conspecific plant interactions through time, 
covering the period from seed sowing to seedling emergence and 2-year survival 
(establishment). Two species were tested, Acacia pulchella and Regelia inops. After 
spatially random sowing, spatially structured (non-random) seedling emergence 
observed in both species was likely limited in part by soil moisture at a fine spatial 
scale (12–18 cm), highlighting the importance of understanding and managing soil 
surface and near-surface processes in restoration practice. Subsequent to emergence, 
the two species exhibited different directions of interaction. Acacia pulchella had 
higher overall mortality and its spatial pattern suggested density dependent mortality 
occurred. Regelia inops did not exhibit density dependent mortality; its mortality 
followed a pattern of spatial randomness which is indicative of low levels of 
competition amongst conspecifics over the study period.  
Chapter 4: Utilizing spatial knowledge gained from Chapters 2 and 3, I imposed 
differing spatial configurations and species compositions in Chapter 4. Six species were 
tested and the study design followed theories of coexistence that posit high plant 
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diversity is maintained in part through intraspecific aggregation and interspecific 
segregation at fine spatial scales during establishment. Overall, single species 
(intraspecific) aggregations resulted in the greatest species evenness at the plot scale. 
Three species had greater total (Allocasuarina fraseriana, Beaufortia elegans, 
Gompholobium tomentosum) and relative (A. fraseriana, B elegans, R. inops) survival in 
the single species aggregation plantings, one species (A. pulchella) had greater total 
and relative survival in the mixed species (interspecific) aggregation plantings, and two 
species had greater total (Jacksonia furcellata, R. inops) survival in the mixed species 
dispersed plantings. Emergence was expected to be similar across treatments for all 
species. However, emergence varied by both species and treatment. Priority effects 
(Young et al., 2005) and surface soil heterogeneity (Chapter 3) could be contributing 
factors to the observed emergence patterns. However, more research is needed on 
the processes affecting seeds and seedlings between the germination and emergence 
stages of plant development, in particular the role of seed spatial arrangement on 
patterns of emergence. This study indicates potential overall benefits of patch-based 
seeding to plant diversity in the restoration of high biodiversity and may provide land 
managers with a new tool for restoration following further research. 
Chapter 5: Finally, in Chapter 5, I tested the effect of a native ephemeral (annual) grass 
species, Austrostipa compressa, on a diversity of perennial species emerging from a 
topsoil transfer site. Austrostipa compressa can occur abundantly in banksia woodland 
after fire, and in restoration and senesces from the system within one year. I 
hypothesized the presence of A. compressa could have a long-term influence on plant 
community establishment and affect soil biotic and abiotic factors. I sowed A. 
compressa at a range of densities (from 0–600 plants m-2) and measured the survival of 
native perennial and exotic annual and perennial species. Further, I measured biotic 
and abiotic soil variables corresponding to hypothesised mechanisms by which A. 
compressa might ameliorate environmental conditions for plant establishment (soil 
water, nutrients, compaction, organic matter, soil fungi). A. compressa exhibited a net 
negative impact on native perennial plant density at the two highest density 
treatments and on exotic species at the three highest densities, suggesting 
competition with perennial seedlings at high densities. This resulted in a goldilocks 
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effect wherein exotic species were suppressed but native species were not impacted at 
310 A. compressa m-2. Measured soil variables were not substantially impacted by 
differences in A. compressa density. A possible role for A. compressa in exotic species 
suppression was identified though I did not find an explicit facilitative role for A. 
compressa on native perennial species.  
6.2 Theoretical contribution 
The major theoretical themes I explored within this thesis are plant-plant interactions, 
community assembly and succession, and species coexistence. The initial focus of this 
thesis was to identify positive interactions, specifically facilitation by nurse plant 
species, that could be utilized to improve restoration outcomes. One species, K. 
glabrescens, demonstrated a possible role as a nurse plant (Chapter 2) and conspecific 
facilitation was exhibited by multiple species (Chapter 3 and 4). However, the story of 
plant interactions in banksia woodlands is not simple and includes negative and 
neutral, as well as positive, interactions. The intensity and direction of interactions 
observed in the studies contained within this thesis varied over both time and space.  
Evidence for positive effects via nurse plants has been shown to improve restoration 
success in stressful environments (Gómez-Aparicio, 2009). Nurse plants may provide 
beneficial conditions for plants of the same species, conspecific facilitation, or of 
differing species, interspecific facilitation (Bonanomi, Incerti, Capodilupo, & Mazzoleni, 
2010). Extensive evidence exists for heterospecific facilitation (Gómez-Aparicio, 2009), 
but conspecific facilitation has received less attention in the literature (Bonanomi et 
al., 2010; Wied & Galen, 1998). My work demonstrates the role of conspecific 
facilitation is important to plant community reassembly of a high plant diversity 
ecosystem. Improvement of resource availability or provisioning of shelter by maternal 
plants for the fitness of their offspring is believed to be a logical evolutionary strategy 
for species persistence (Wied & Galen, 1998). Additionally, positive conspecific 
interactions are likely to play a large role in species with poorly developed dispersal 
mechanisms (Bonanomi et al., 2010), such as exist in many areas of high biodiversity 
(e.g., Hopper & Gioia, 2004). The results of this thesis provide further evidence for 
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both hetero- and conspecific facilitation promoting plant community reassembly and 
species coexistence in a high biodiversity ecosystem. 
The variation in intensity and direction of interactions observed in this thesis was likely 
a result of multiple factors including inter-annual climatic variability (Cowling et al., 
2005). For example, in summer 2018 a summer rain storm occurred (69.4 mm, two 
times greater than the average summer precipitation 30.3 mm), which may have 
reduced competitive interactions of individuals in the first year of Chapter 3, and in 
spring 2018 a small heatwave occurred, three days with temperatures at least 5°C over 
the average for that time period (~35.3°C while the 60-year average is 27.4°C), which 
appeared to affect seedling mortality in the first year of Chapter 5, though the full 
effects of the heatwave could not be quantified due to logistical constraints. A large 
focus of changing climate impacts on restoration has been on means (e.g. impacts of 
annual warming on species establishment as measured with open top chambers), but 
extreme events may also have a large impact on observed trends in plant community 
development (e.g. (Teskey et al., 2015).  
Spatial patterns of vegetation are neither spatially nor temporally static (Gustafson, 
1998), and in high plant diversity systems, are driven by ecological processes that 
occur at multiple spatiotemporal scales with varying intensities (Connell & Slatyer, 
1977). The successional trajectory of restoration efforts has historically been perceived 
as a linear continuum from initial to mature restored conditions (Bradshaw, 1984; 
Dobson, Bradshaw, & Baker, 1997). However, this thesis provides support for concepts 
of alternative community trajectories (Temperton & Hobbs, 2004), wherein both 
endogenous, such as plant-plant interactions and edaphic conditions, and exogenous, 
such as changes in climate and climatic variation, factors may drive alternative 
trajectories and stable states within restoration. My thesis focused on endogenous 
factors and more research exploring the role of exogenous factors, specifically climate 
change, on plant reassembly trajectories are needed. 
A major result of this thesis was identifying a positive role not only for greater intra- 
versus interspecific interactions, but also for the patch context itself (Chapter 4). 
Patched patterns can result in enhanced plant primary production (Aguiar & Sala, 
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1999), and may be indicators of ecosystem function, resilience or stability (Rietkerk & 
van de Koppel, 2008). Ideal patch sizes, shapes and distributions exist as a result of 
environmental conditions and species compositions where resource accumulation is 
maximized and competitive interactions minimized (Aguiar & Sala, 1999; Svejcar, 
Bestelmeyer, Duniway, & James, 2015). Based on results from this thesis, patches of 
10–20 cm in diameter appear to be an ideal for seeds and seedlings in banksia 
woodland restoration with a single species per patch. Specifically, in Chapters 2 and 3 
spatial point pattern analysis was used to identify patches of seedlings emerging from 
topsoil and identify possible processes driving patch sizes, respectively. Then in 
Chapter 4, patches of 12 cm diameter were explicitly tested and compared against a 
non-patch context (i.e. dispersed plantings). Knowledge of the spatial patterns of seed 
germination and seedling establishment, and the processes that drive those patterns, 
may be used to inform seed enhancement technologies (e.g. Stock, 2019). However, 
further refinement on the density of seeds per patch and the spatial distribution of 
patches throughout the landscape (e.g. optimal distances between patches) requires 
further refinement. The abiotic processes and biotic interactions that shape the spatial 
structure of patches, and their resultant plant communities, occur at varying spatial 
and temporal scales (Turner 1989), and an evaluation of patch seeding treatments 
over time is needed. A deeper understanding of these processes may help to inform 
successes and failures in restoration (Miller et al., 2010). 
The abiotic processes and biotic interactions that shape the spatial structure of plant 
communities occur at varying spatial and temporal scales (Turner, 1989).These 
processes can be challenging to quantify, but the resulting spatial structure of plant 
communities is thought to leave a legacy impact of those processes that may be 
inferred through the use of spatial point pattern analysis (Wiegand & Moloney, 2013). 
The efficacy of using pattern to infer process is still widely debated in ecology (e.g. Law 
et al., 2009; McIntire & Fajardo, 2009), but advancements in spatial analytical 
techniques make it possible to more precisely determine links between patterns and 
processes (Law et al., 2009; Velázquez et al., 2016; Wiegand et al., 2017). For example, 
inhomogeneous test statistics allow for first-order environmental heterogeneity, such 
as plants being concentrated in one corner of a plot because of high soil water holding 
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capacity. And this may be separated from second-order spatial information, such as 
mortality resulting from density-dependent competition (Baddeley et al., 2000). 
Likewise, multivariate spatial point pattern statistics permit detection of spatial 
associations between many types of individuals (Stoyan, Kendall, & Mecke, 1995).  
Spatial point pattern analysis has been infrequently used in studies of restoration 
ecology (e.g. Miller et al., 2010), but has a huge capacity to both elucidate processes 
driving patterns in restoration and inform manipulative studies for restoration 
practice. Here, I used spatial statistics to determine the possible competitive or 
facilitative role of common species in banksia woodland restoration at varying growth 
stages and at varying spatial scales. I utilized these statistics to explore the effect of 
common species on other co-occurring common and rare species (Chapter 2), and the 
effect of conspecific individuals on their siblings (Chapter 3), which then informed 
subsequent chapters (Chapter 4). This thesis demonstrates that knowledge gained 
from spatial point pattern analysis may be used to test and inform management 
practices in restoration. 
Theories that provide the foundation for community ecology are thought to be 
intrinsically useful to the research and practice of ecological restoration (Wainwright et 
al., 2018; Young, Petersen, & Clary, 2005). This thesis demonstrates that the first few 
years of re-assembly in banksia woodlands are critical to trajectories of plant 
community development. Plant interactions in these early developmental stages were 
identified as biotic filters to seedling establishment (Fig. 1). 
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Fig. 1. The findings of this thesis demonstrate plant-plant interactions play a critical role in the reassembly of banksia woodlands and identify spatial patterns 
that may be used in restoration practice to increase the survival of a greater range of species than currently achieved.
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6.3 Species specific responses  
Patterns of seedling mortality throughout banksia woodlands are highly variable by 
year (e.g. A. pulchella and R. inops in (Hallett et al., 2011; Maher et al., 2008; Monk et 
al., 1981; Rokich et al., 2002; Chapter 3, Chapter 4), which is likely due to complex 
interactions between local context and climatic conditions (Standish et al., 2012). Most 
restoration efforts utilize random or linear patterns for seeding (McCallum et al., 
2018), but the spatial arrangement of seeds and emergent seedlings is infrequently 
mapped so the cause of plant mortality can be challenging to accurately infer (e.g. 
mortality driven by plant-plant competition versus environmental stress alone). For 
example, A. pulchella seedlings exhibited density dependent mortality (Chapter 3), but 
their overall survival was lower in a dispersed rather than aggregated planting 
treatments (mixed or single species; Chapter 4). The soils within which all studies were 
conducted were very similar (highly altered and reconstructed in a similar way), but 
the climatic conditions between years differed for the studies conducted in this thesis. 
The spatial nature of seedling mortality in banksia woodlands restoration is still poorly 
understood, and the four studies in this thesis provide an informative context to 
discern possible plant-plant interactions contributing to variation in mortality.  
Over 130 species were tested in some capacity throughout the experiments and 
surveys of this thesis. Chapters 2 and 5 tested the greatest number of species. In both 
of these studies, there were a few species with high frequency and density while most 
pecies had low frequency and density (Fig. 2). For example, in Chapter 5 
Gompholobium tomentosum, Hibbertia subvaginata, Astroloma xerophyllum, 
Beaufortia elegans, Leucopogon conostephioides and Eremaea pauciflora (species 1–6 
in Fig. 1a, respectively) were present in over 90% of the plots, which covered a total 
240 m2 area. The species with highest densities were B. elegans, H. subvaginata, L. 
conostephiodes, A. xerophyllum, and G. tomentosum (2004, 1300, 812, 773 and 659 
individuals, respectively; Fig. 2b). However, over 50% of the species present in 
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Chapters 2 and 5 were rare (low frequency and density). For example, Calytrix 
flavescens had three individuals present in Chapter 2 (chronosequence study) and two 
individuals in Chapter 5 (Austrostipa compressa density experiment), while 
Macrozamia riedlei had just one individual present in Chapter 5. Though many species 
were tested in this thesis, the majority of knowledge gained was for species that are 
common because the frequency of their occurrence allows for stronger statistical 
inference. For example, spatial point pattern analysis requires a high number of 
individual observations (e.g. + 50 individuals of a species) in order to make statistically 
robust inferences on the effect of that species on other individuals and rare species 
infrequently have enough individuals present to conduct this type of analyses. 
Similarly, the nature of rare species may differ from that of common species. For 
example, rare species may have a low likelihood of germinating and emerging in the 
neighbourhood of conspecifics. However, the behaviour of rare species may be 
estimated based on their similarity to common species (e.g. root traits and seed 
biology). Research on the role of plant traits on species establishment in the 
restoration of banksia woodlands may provide a greater understanding of the 
conditions necessary to return rare species to disturbed areas.  
  
Fig. 2. Frequency (a) and density (b) of species in the 60 plots of Chapter 5 in Autumn 2019, 
which was the final sampling period and the end of the second bottleneck (second summer 
drought). There were 74 total species present across the plots.   
 
6.4 Management implications  
The active restoration of vegetation is often practiced in a haphazard (‘random’) or 
linear spatial format, resulting in plantings that infrequently represent species patterns 
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within intact systems (but see McCallum, 2018; Jonson, 2010). However, spatial 
pattern might be amenable to manipulation, possibly with useful outcomes. The 
results of this thesis demonstrate that the spatial arrangement of species in the post-
mine restoration landscape is a critical component to the return and persistence of 
species in a high biodiversity ecosystem. Positive and negative interactions were found 
to have a strong impact on species survival through time. In Chapter 2, I identified that 
the strength of interactions is greatest in the first two years following initial restoration 
efforts when major flushes in seedling emergence occur, and in older sites where 
many individuals have reached reproductive maturity, eleven years following 
restoration efforts. These findings are in line with previous research that identified the 
first and second years following restoration as key bottlenecks to seedling 
establishment (Benigno et al., 2014; Rokich et al., 2000). As such, increasing the 
likelihood of successful seedling establishment in the first two years is critical for 
setting restoration trajectories towards the target. 
Though all chapters contribute to our knowledge of processes in the post-sand mine 
context, Chapter 4 had the most obvious transfer to practice with strong indications 
for the incorporation of aggregated seeding efforts. Specifically, the use of seed 
enhancement technologies (Brown et al., 2019; Stock, 2019) may provide an effective 
method for imposing aggregations. Only six perennial species were tested in Chapter 4, 
but current records demonstrate 171 understory species exist on the sand mine 
property (J. Stevens, unpublished data). Some species resist restoration efforts 
because of complex seed dormancy cues (Roche, Dixon, & Pate, 1998). For plant 
species with known germination requirements but whose establishment is low (e.g., 
Gompholobium tomentosum), a strategic approach would be to test whether a patch 
context may be an appropriate strategy for improving their establishment. The high 
cost of seeds makes such research valuable as it may improve the return on 
investment of restoration efforts (Table 1). The estimated return on investment was 
not large ($17.9 per ha), but the six species tested are not the most expensive in terms 
of seed cost: Banksia attenuata seeds can be more than $0.65 per seed while the most 
expensive seed tested in this study, J. furcellata, was only $0.03 per seed). The patch 
context also provided improved outcomes for some species, specifically A. fraseriana, 
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which had very few seedlings survive following current practice of randomly 
distributing seed. Focusing on plant traits rather than species may help to identify 
groups of plants likely to benefit from a patch-planting strategy. However, more 
research, like that in this thesis, is required before recommendations to managers can 
be made for a plant trait-based approach to restoration.  
Table 1. The cost of seed was determined from the company Nindethana (Perth, WA) on 
current pricing lists. The rate of seed per ha using current restoration efforts was multiplied 
by seed costs. Then the percent of surviving seed from each treatment was multiplied to 
determine the return on investment. Overall, the patch treatments provided a greater return 
on investment (Net positive return on investment = return on investment of patches – return 
on investment of current seeding practice). 
  
From a management perspective, knowledge of spatially explicit planting schemes for 
restoration implementation is only as useful as the methods available to implement 
them. This thesis provides a baseline for the science of spatial pattern and plant-plant 
interaction impacts on seedling establishment in a high plant diversity system. Current 
practice involves transferring topsoil from intact bushland set to be disturbed (either 
mined or developed for urbanization) with seed from serotinous species broadcast 
(seed tossed on soil surface) and tube stock of key overstorey species (Banksia 
attenuata, Banksia menziesii, Eucalyptus todtiana) planted in 2–4 year old sites. Seed 
depth is known to impact successful germination and emergence of species in banksia 
woodlands (Tangney, 2018) and results from this thesis demonstrate that in addition 
to depth, the spatial distribution of seed is important for the reestablishment of 
species in the ecosystem. Transferring this knowledge to practice requires a 
reconceptualization of implementation methods. Current equipment for seed dispersal 
at large scales (1–100 kms) lacks adequate control of seed depth and spatial 
arrangement of sown seed (Masarei et al., 2019). However, development of precision 
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planting equipment and seed enhancement technologies informed by existing research 
may provide the opportunity to improve current restoration outcomes.  
Temporal priority effects could also play a key role in the trajectory of restoration (e.g. 
Young et al., 2017). Under current restoration practices, only 70% of species from 
reference conditions establish and persist following sand mining. In addition to spatial 
arrangement of species in the first two years, the timing of seeding efforts may play a 
key role in the establishment of some species. For example, current restoration 
practice involves seeding serotinous species and species with limiting seed dormancies 
in the first few months following initial restoration efforts. In Chapter 2 Kunzea 
glabrescens demonstrated a possible role as a nurse-plant species and seedings could 
be tailored to areas where this species has established, though further testing is 
needed to quantify the net impacts of the K. glabrescens as a nurse plant. Similarly, 
Chapter 2 identified ages where plant-plant interactions are not intense (3–7 years 
old), and these areas may provide an overall lower competitive environment for 
seedling establishment (i.e. wait to seed species until year 3 or later). 
A lack of funding for long-term monitoring and project implementation is a major 
limitation for science-practice transfers (Clark et al., 2019). The restoration of 
ecosystems requires longer time scales (20+ years) than are currently addressed by 
management (up to 5 years) due to logistic and financial challenges associated with 
private business turnover. Improving the initial conditions of restoration efforts 
through spatially explicit planning may help to improve restoration goals in the long 
term. The benefits of restoration efforts to society outweigh the costs of restoration 
implementation over time (Verdone & Seidl, 2017), but high upfront costs and limited 
seeds for restoration make the need for more efficient and effective restoration 
practices critically important.  
6.5 Future research 
In science, when one question is asked, an answer may present itself, though more 
often than not fifty more questions arise. This thesis has presented many interesting 
insights into the science and application of ecological theory in the restoration context, 
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and with that, so to have many additional questions arisen. Here I present a few of 
those new interesting questions.  
The studies in this thesis were conducted at a small, plot level scale (meters). Larger 
scale studies (kilometres) that incorporate concepts of spatial plant patterns, such as 
Jonson (2010) and McCallum (2018), are needed. Many processes operate at larger 
scales than were captured within the scale of my studies, such as landscape level 
feedbacks of soil moisture (Mayor, Bautista, Rodriguez, & Kéfi, 2019). Further testing 
of the concepts in this thesis at varying spatial and temporal scales are necessary to 
evaluate the use of this information in practice. 
 Many processes were captured within the outlined studies. However, the role of 
invertebrates, which may have large impacts on trajectories for banksia woodland 
reassembly, were not thoroughly quantified. In Chapter 3, the role of invertebrate 
predation was quantified where possible. Only four instances of mortality due to 
insects could be confirmed. Similarly, in Chapter 4, notes and observations on insect 
attack on seedlings and general modification of micro-environmental conditions were 
noted where possible. However, these observations were limited. For example, spiders 
and ants were observed burrowing in patches and dispersed plots, but the role these 
activities may have on seedling persistence are not known. 
First- and second-order effects, such as landscape scale abiotic gradients and local 
scale plant competition or facilitation, may both contribute to patterns that develop in 
a plant community (Perry et al. 2008). All restoration ages demonstrated distinct linear 
formations of plants that resulted in clustered univariate pattern formation. This 
clustering is likely due to the ripping method used, which results in furrows. In the 
older sites there were no longer obvious furrows though distinct linear patterns can be 
seen in the mapped vegetation, which are likely a legacy impact of furrows. The 
growth and persistence of plants in these linear patterns could be the result of two 
edaphic conditions: soil hydrophobicity and hardening. Soil hydrophobicity is a 
phenomenon that occurs throughout the region and is thought to be a major driver of 
seed germination and plant establishment (Ruthrof et al. 2019). Hydrophobicity is 
broken after consistent rain events but returns after a short drying period (Rye and 
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Smettem, 2018). The trough of furrows would receive higher amounts of water than 
the crest of furrows due to preferential flow creating a higher likelihood of early winter 
hydrophobicity breakdown. If hydrophobicity is broken early in winter, then seed may 
also have earlier germination. Early germination and growth could mean that seedlings 
in the troughs are able to establish more extensive root systems, which allow them to 
persist through summer drought periods.  
Similarly, soil hardening processes occur following sand mining in the region and are 
associated with high mortality rates of some plant species following the second 
summer of growth (Benigno et al., 2013). The spatial extent of this phenomenon is 
largely unknown, but my results demonstrate that the microclimatic conditions in the 
furrow troughs have long term impacts on the establishment of some species. The 
cause of soil hardening in the region is not well understood (Rokich, 2016). 
Manipulations to mitigate the soil hardening process have demonstrated initially 
beneficial results (Benigno et al., 2013), though the positive effects of treatments only 
serve to delay seedling mortality by a year (J. Stevens, personal communication, 25 
Nov 2019). 
The role of soil and soil biota is increasingly recognised as driving factors in restoration 
(Kardol and Wardle, 2010) and community assembly (Kardol et al., 2007, 2013; van der 
Putten et al., 2016). New DNA-based techniques coupled with experimentation make 
exploration possible. I used a range of densities of an ephemeral grass species, which 
was hypothesized to alter the regeneration of soil microbial communities, to explore 
the potential role of soil fungi as facilitators for seedling establishment (Chapter 5). 
While these data did not suggest a correlative role for an ephemeral grass species and 
soil fungi as facilitators of woody perennials in my experiment, further research is 
warranted given the diversity of soil microbes in the region, including mycorrhizal 
fungi, nitrogen-fixing bacteria and bacterial pathogens in addition to the fungi I 
measured, and their suspected role in maintaining species coexistence (Teste et al. 
2017).  
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6.6 Conclusions 
The utilization of theoretical concepts in applied restoration research is uncommon 
(Young, Petersen, & Clary, 2005), but increasing in prevalence and importance 
(Wainwright et al., 2018). The research in this thesis demonstrates that projects 
combining theory and practice may be beneficial to our understanding of both 
theoretical and applied restoration ecology. Similarly, the application of theoretical 
concepts in restoration practice may help us to improve the efficiency and 
effectiveness of restoration efforts. For ecosystems like banksia woodlands that are 
threatened due to land clearing (DoE, 2016) and are home to a high diversity of 
endemic species (Hopper, Silveira, & Fiedler, 2016), propagule material will become 
increasingly scant placing an immediate need to improve current restoration efforts. 
My research demonstrates a promising role for the spatial manipulation of propagule 
material. Research of this nature is still in its infancy and more work is needed in order 
to make large scale recommendations for restoration practice.  
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"... Y así, del poco dormir y del mucho leer se le secó el cerebro, de manera que vino a 
perder el juicio.” 
 
“…and after so little sleep and so much reading, his brain dried up and he lost his mind.” 
 
-Miguel de Cervantes, de Don Quixote de La Mancha 
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Appendix 1. Chapter 2 
  
 
 
Fig. A1.1. Photo of a two-year old ripped site with linear furrows. 
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Table A1.1: General site conditions and metrics were collated for the five sites. Site labels indicate time since topsoil transfer (A1 = 1 year, A2 = 2 
years, A3 = 3 years, A7 = 7 years, and A11 = 11 years since initial restoration efforts).  
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Fig. A1.2. Species maps for all sites (Age 1, 2, 3, 7 and 11). Species are the top 5-6 most abundant at each site. 
  
 171 
 172 
 
Fig. A1.3. Ldot and pcfdot models: Species with over 50 individuals were analyzed for each site using Li•(r) and g i•(r) models by taking the 5th rank of 199 
simulations for envelope construction.  Grey shaded areas represent high and low simulated model values (deviations from the envelopes indicates 
significance at P = 0.05). Red dashed lines are the theoretical model expectations of Li•(r) and g i•(r) and the solid black lines are the observed values of Li•(r) and 
gi•(r). 
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Fig. A1.4. PCF-cross models: Species with over 50 individuals were analyzed for each site using Lij(r) and gij(r) models with 199 simulations for envelope 
construction. Grey shaded areas represent high and low simulated model values (deviations from the envelopes indicates significance at P = 0.01). Red dashed 
lines are the theoretical model expectations of Lij(r) and gij(r) and the solid black lines are the observed values of Lij(r) and gij(r).
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Fig. A2.1. Seed planting locations were randomly generated with ArcGIS 10.4 (Esri, Redlands, 
CA), but we tested whether they did in fact follow a Complete Random Spatial (CSR) pattern.  
Models for A. pulchella using the (a) L(r) function and (b) g(r) function, and R. inops using the 
(c) L(r) function and (d) g(r) function. The solid black line is the observed L(r) and g(r) value, 
the dashed red line is the theoretical L(r) and g(r) value under CSR and grey shaded areas 
above and below the theoretical L(r) and g(r) are global envelopes estimated from 1999 
simulations of the 100th rank (P = 0.05). There was clustering at distances between 3.5 – 4.5 
cm even though patterns were randomly generated. 
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Fig. A2.2. Tests of CSR for live seedlings in the first time period.  Test results for a) A. 
pulchella and b) R. inops seedlings using the L(r) function, non-emergent planted seed for c) 
A. pulchella and d) R. inops using the L(r) function, and non-emergent planted seed for e) A. 
pulchella and f) R. inops using the L(r) function. The solid black line is the observed L(r) value, 
the dashed red line is the theoretical L(r) value under CSR and grey shaded areas above and 
below the theoretical L(r) are global envelopes estimated from 1999 simulations of the 100th 
rank (P = 0.05).  
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Fig. A2.3. Tests of CSR for live seedlings in the five time periods following emergence.  Test results for A. pulchella (a-e) and R. inops (f-j) seedlings using the L(r) 
function. The solid black line is the observed L(r) value, the dashed red line is the theoretical L(r) value under CSR and grey shaded areas above and below the 
theoretical L(r) are global envelopes estimated from 1999 simulations of the 100th rank (P = 0.05). 
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Fig. A2.4. Tests of CSR for dead seedlings in the five time periods following emergence. Test 
results for A. pulchella (a-d) and R. inops (e) dead seedlings using the L(r) function. The solid 
black line is the observed L(r) value, the dashed red line is the theoretical L(r) value under 
CSR and grey shaded areas above and below the theoretical L(r) are global envelopes 
estimated from 1999 simulations of the 100th rank (P = 0.05).  
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Fig. A2.5. Random labelling of dead and live seedlings in time periods with over 20 dead 
individuals.  Test results for A. pulchella (a-d) and R. inops (e) seedlings using the Ldead,•(r) - 
L(r) function. The solid black line is the observed Ldead,•(r) - L(r) value, the dashed red line is 
the theoretical Ldead,•(r) - L(r) value under CSR and grey shaded areas above and below the 
theoretical L(r) are global envelopes estimated from 1999 simulations of the 100th rank (P = 
0.05).   
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Appendix 3. Chapter 4 
Appendix 3.1 Data analysis of seedling emergence. 
Emergence was assumed a priori to be homogeneous within species (i.e. no variance between 
treatments), but data demonstrated variance in emergence (Fig. 4) so within-species 
regression was used to test differences among planting treatments. I tested differences in 
emergence between treatments using a general linear mixed model (GLMM). Counts of live 
seedlings were analysed with treatment as a fixed effect and block as a random effect. A 
negative binomial error distribution was used with variance increasing quadratically with the 
mean (Hardin & Hilbe, 2007) to account for model overdispersion. A Tukey–post-hoc 
adjustment was applied in comparisons of least squares means for emergence GLMM models, 
which provides a conservative estimate of P-values (Hayter, 1984). Analyses are reported at a 
95% confidence level and were run with R ver. 3.5.3 (R Core Team, 2019, https://www.r-
project.org/) using the glmmTMB (v 0.2.3; Brooks et al., 2017), emmeans (v 1.4; Lenth, 
Singmann, Love, Buerkner, & Herve, 2019) and BiodiversityR (v 2.11-3; Kindt, 2019) packages. 
Emergence varied both by species and treatment (Fig. 4, Table 1, Table A3.1 model output). 
Dispersed mixed seeding resulted in greater emergence compared to the aggregated solo 
seeding for three of the six species: A. pulchella (18% greater, t = -2.82, P = 0.020), J. furcellata 
(33% greater, t = 2.48, P = 0.046), and R. inops (54% greater, t = 4.86, P < 0.001). Emergence 
was similar in dispersed mixed and aggregated solo treatments for G. tomentosum (4% greater 
in solo) but was lower in dispersed mixed relative to aggregated solo plots for A. fraseriana 
(55% lower, t = -3.21,  P = 0.007) and B. elegans (72% lower, t = -4.99,  P < 0.001). Emergence 
in aggregated mixed treatments was intermediate between emergence in aggregated solo and 
dispersed mixed treatments in all species except for Gompholobium tomentosum where 
emergence was lower for aggregated mixed treatments than either dispersed mixed (33% 
lower, t = 6.22, P < 0.001) or aggregated solo (36% lower, t = -6.96, P < 0.001) treatments (Fig. 
4d). Aggregated mixed treatment emergence was similar to aggregated solo emergence for 
both R. inops (60% lower than dispersed, t = 5.60, P < 0.001) and B. elegans (where it was 66% 
greater than dispersed mixed, t = -4.20, P < 0.001). 
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Table A3.1. Analysis results for seedling emergence relative to the total amount of seed 
planted by species and between treatments. Treatments are D. mixed = dispersed mixed 
species, A. mixed = aggregated mixed species, A. solo = aggregated single species. 
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Table A3.2. Analysis results for seedling survival relative to the total amount of seed planted 
by species and between treatments. Treatments are D. mixed = dispersed mixed species, A. 
mixed = aggregated mixed species, A. solo = aggregated single species.  
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Table A3.3. Analysis of the proportion of live to dead seedling counts over time by species 
and between treatments. Treatments are D. mixed = dispersed mixed species, A. mixed = 
aggregated mixed species, A. solo = aggregated single species. 
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Table A3.4. Mortality rates calculated by subtracting the average number of dead seedlings 
by the time prior (e.g. average November mortality – average October mortality). 
Treatments are D. mixed = dispersed mixed species, A. mixed = aggregated mixed species, A. 
solo = aggregated single species.  
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Appendix 4. Chapter 5 
Table A4.1. Model outputs for analyses of Austrostipa compressa density treatment effects on native perennial plants in five ecologically significant time 
periods. 
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Table. A4.2. Model outputs for analyses of Austrostipa compressa density treatment effects 
on measured soil variables. Nutrients were measured using a non-destructive method in 
winter 2018. Bulk density, organic matter content, gravimetric water content and 
penetration resistance variables were measured through destructive sampling in May 2019 
at the end of the experiment. 
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Table A4.3. Model outputs for analyses of plant type (A. compressa, Hibbertia subvaginata 
and bareground) and A. compressa density treatment effects on soil fungal community 
composition. 
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Table A4.4. Model outputs for analyses of Austrostipa compressa density treatment effects on exotic plants in spring 2017 and 2018, and the effects of exotic 
plants on native perennial plants in spring 2017 and 2018. 
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Fig. A4.1. Soil bulk density measurements made in May 2019 at the end of the experiment. 
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Fig. A4.2. Soil nutrient content measurements made in winter 2018. 
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Fig. A4.3. Soil organic matter content measurements made in May 2019 at the end of the experiment. 
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Fig. A4.4. Soil Gravimetric water content measurements made in May 2019 at the end of the experiment. 
